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EFFECTS OF FERTILIZATION ON TIDAL CREEK AND TIDAL FLAT 
NITROGEN CYCLING 
AMANDA MARIE VIEILLARD 
 
ABSTRACT 
 
Since the industrial revolution human activities have more than doubled the 
amount of bioavailable nitrogen (N) on earth leading to far-reaching ecological 
consequences for coastal marine ecosystems.  Salt marsh systems, including their 
intertidal creek and mudflat sediments, serve as nutrient filters transforming nitrogen and 
removing it through denitrification.  However, as hotspots of nitrogen transformation, 
these ecosystems are also thought to be sources of nitrous oxide, a powerful greenhouse 
gas, to the atmosphere.  We investigated the influence of various scales of anthropogenic 
fertilization on the nitrogen cycling in intertidal creek and mudflat sediments in the salt 
marsh ecosystem of Plum Island Ecosystem Long Term Ecological Research site in 
northern Massachusetts, USA.  Benthic fluxes from whole core incubations showed that 
long-term fertilization of tidal creek sediment stimulated net denitrification with 
significantly higher rates in the fertilized creek compared to the reference (162.7  32 and 
0.74  39 mol N m-2 hr-1, respectively).  However, fertilization also appeared to 
stimulate dissimilatory nitrate reduction to ammonium (DNRA) with calculated rates also 
significantly higher in the fertilized compared to reference creek and representing 45 and 
11% of total nitrate uptake, respectively.  These results indicate that DNRA may 
outcompete denitrification at higher nitrate concentrations, thus anthropogenic 
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fertilization may be driving tidal creek sediments toward this N regeneration process and 
thus inhibiting the overall nitrogen removal capacity of the ecosystem.  
Conversely, a smaller scale, short-term nitrogen addition experiment had no 
significant impact on nearby tidal flat sediments likely because the fertilization exposure 
time on the tidal sediments was too short.  Overall benthic flux rates were lower in the 
tidal flat compared to the tidal creeks.  However, the tidal flat was also a net N filter with 
an average net N2 flux of 5.7  2.6 mol N m
-2
 h
-1
.  Rates of nitrification and therefore 
coupled nitrification-denitrification appeared to be affected by the active 
microphytobenthos (MPB) community within the tidal flat sediments with oxygen 
production from photosynthesis fueling coupled denitrification in the light while N 
fixation dominated under dark conditions.  As in the tidal creeks, we found evidence that 
DNRA is also an important N transformation process within tidal flat sediments.   
Finally, sediment microprofiling measurements showed these tidal mudflat 
sediments to be a net sink of N2O (average -6.9  1.7 mol N2O m
-2
 hr
-
1) with 
significantly higher rates of uptake the longer sediments were exposed to the atmosphere 
at low tide.  Fluxes were shown to be driven by nutrient supply and nitrate limitation of  
denitrifiers with tidal pulsing.  Additionally, smaller, core scale nutrient additions 
revealed an increase in N2O flux with dissolved inorganic nitrogen (DIN) addition. 
Importantly, N2O uptake was found to be phosphorus limited.  Again, nutrient 
enrichment appeared to stimulate DNRA over denitrification indicating that fertilization 
may not only hamper nitrogen removal capacity, but also increase N2O flux to the 
atmosphere.   
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CHAPTER 1 
IMPACTS OF LONG-TERM FERTILIZATION ON SALT MARSH TIDAL 
CREEK BENTHIC NUTRIENT AND N2 GAS FLUXES 
A. M. Vieillard* 
Abstract 
Salt marsh ecosystems serve as critical nutrient filters by removing reactive 
nitrogen through denitrification.  We examined the influence of long-term fertilization on 
nitrogen transformation and removal in a salt marsh tidal creek ecosystem fringing the 
Plum Island Sound estuary in northern Massachusetts, USA.  Sediment oxygen demand 
was within the range of other marsh s
1
ystems (1271.9 to 7855.0 mol m-2 hr-1) and was 
not significantly different between the fertilized and reference creek. Net N2 fluxes 
ranged from net N fixation of -402.7 mol N2-N m
-2
 hr
-1
 in the reference creek to net 
denitrification of 524.9 mol N2-N m
-2
 hr
-1
 in the fertilized creek. Net N2 flux and nitrate 
uptake were significantly higher in the fertilized creek and in both creeks net 
denitrification appeared to be nitrate limited. We calculated rates of DNRA and found it 
to be significantly higher in the fertilized creek and represented 45% and 11% of the total 
nitrate uptake in the fertilized and reference creeks, respectively.  Additionally, there was 
a strong relationship between ammonium and nitrite fluxes in both creeks.  These results 
suggest that DNRA may outcompete denitrification at high nitrate concentrations. 
                                                        
1
 *Published in Marine Ecology Progress Series (2012, DOI: 10.1016/j.ecss.2011.10.012) with R.W. 
Fulweiler 
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Increased anthropogenic nutrient loading may therefore have a detrimental effect on the 
nitrogen removal capacity of salt marsh ecosystems.  
Introduction 
Since the early 1900’s human activities have more than doubled the amount of 
reactive nitrogen (N) on earth, leading to increased N delivery to estuaries and coastal 
oceans via riverine transport, direct wastewater treatment discharge, and atmospheric 
deposition (Nixon et al. 1996, Vitousek et al. 1997).  This upswing in N to coastal 
systems has caused widespread eutrophication (Smith 2003) resulting in increased 
incidences of coastal hypoxia, (Rabalais et al. 2001, Diaz & Rosenberg 2008) and 
harmful algal blooms (Paerl 2002).  Despite this heavy N loading to coasts, as much as 
75% of this biologically reactive N may be removed through denitrification before it 
reaches the open ocean (Howarth et al. 1996, Peterson et al. 2001).  Coastal wetlands, in 
particular are very efficient at removing reactive N (White & Howes 1994, Hey 2002). 
For this reason salt marsh nutrient cycling and N removal has been studied worldwide 
(e.g., Massachusetts, USA: Valiela & Teal 1979, United Kingdom: Aziz & Nedwell 
1986, Coastal Louisiana: Delaune et al. 1989, Coastal North Carolina, USA: Thompson 
et al. 1995, North Western France: Bouchard & Lefeuvre 2000, Venice, Italy: Eriksson et 
al. 2003, Portugal: Cacador et al. 2007). 
In salt marshes in general, and in older, higher marshes in particular, the majority 
of marsh area is flooded by tidal water only on the high spring tides.  Therefore, these 
systems rely heavily on internal nutrient cycling, with about half of their nutrients coming 
from internal regeneration (White & Howes 1994, Anderson et al. 1997, Teal & Howes 
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2000).  As a result the dominant form of reactive N typically found in salt marshes is 
ammonium (NH4
+
, Valiela & Teal 1979).  As salt marshes become increasingly 
influenced by human activity, anthropogenic N loads to these systems also increase.  
However, though ammonium is the more common species of N in marshes, the most 
efficient way to remove N is via denitrification, therefore NO3
-
 transformation pathways 
are critical for permanently removing anthropogenic N from marsh systems (Howes et al. 
1996).   
Two NO3
-
 transformation processes are most commonly found in salt marshes. 
The first is denitrification, the process in which NO3
- 
serves as the terminal electron 
acceptor for oxidizing organic matter (OM) in anoxic sediments (Burgin & Hamilton 
2007).  Denitrification is a multi-step pathway, which transforms NO3
-
 into inert N2 gas 
via nitrite (NO2
-
), nitric oxide (NO), and nitrous oxide (N2O), effectively removing NO3
-
 
from the system.  Denitrification in salt marsh sediments is largely a coupled process 
with nitrification since, in order to be removed from the system as N2, the reactive 
nitrogen must be in the form of nitrate.   As ambient NO3
-
 concentrations tend to be low, 
denitrifiers rely on nitrification to transform readily abundant NH4
+
 to limiting NO3
-
 via 
nitrite (Valiela & Teal 1979, Thompson et al. 1995, Hamersley & Howes 2002, Dollhopf 
et al. 2005). The second process is dissimilatory nitrate reduction to ammonium (DNRA), 
a microbially mediated pathway that transforms NO3
-
 into NH4
+
 via either fermentive 
processes or, more commonly, the oxidation of reduced sulfur (Brunet & GarciaGil 1996, 
An & Gardner 2002, Burgin & Hamilton 2007).  Both types of DNRA reduce NO3
-
 to 
NH4
+ 
via NO2
-
, subsequently keeping reactive N within the system (Burgin & Hamilton 
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2007, Dong et al. 2009).  In addition, another process that can influence NO3
-
 in salt 
marsh sediments is anaerobic ammonium oxidation, or anammox.  Anammox is the 
oxidation of NH4
+ 
with NO2
-
 by chemolithoautotrophs under anaerobic conditions to 
produce N2.  As the NO2
-
 is mostly derived from the reduction of NO3
-
, anammox also 
contributes to the removal of NO3
-
 from the system (Burgin & Hamilton 2007).   
Rates of denitrification in salt marshes (e.g. Caffrey et al. 2007, Hopkinson and 
Giblin 2008,) tend to be higher than rates in other coastal sediments (Seitzinger 1988, 
Eyre & Ferguson 2002, Seitzinger et al. 2006, Fulweiler et al. 2007). Recently, DNRA 
has been found to be an important pathway in salt marsh ecosystems (Hopkinson and 
Giblin 2008, Koop-Jakobsen & Giblin 2010). To date, anammox is considered to be a 
much less prevalent pathway in shallow marine ecosystems when compared with 
denitrification and DNRA (Dalsgaard et al. 2005).  Increased NO3
-
 concentrations have 
the potential to enhance all of these processes. However, denitrification has been more 
widely studied and is a much better constrained process than either DNRA or anammox. 
The rates of these two primary NO3
-
 transformation pathways in the marsh 
(denitrification and DNRA) may depend largely on the availability of NO3
-
 as well as that 
of labile carbon, reduced sulfur, and sulfide oxidizing bacteria (Christensen et al. 2000, 
Burgin & Hamilton 2007).  It is the balance between denitrification and DNRA that helps 
determine, at least in part, whether salt marshes act as sinks of anthropogenic nitrogen.  
 Several studies have looked into the effect of simulated increases in 
anthropogenic N on salt marsh nitrogen cycling and have found denitrification to be 
stimulated by fertilization (Valiela et al. 1976, Koch et al. 1992, Lee et al. 1997, 
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Hamersley & Howes 2005, Caffrey et al. 2007, among many others). While these studies 
typically focus on N cycling on the marsh platform, salt marshes primarily receive 
anthropogenic nutrients in their tidal creeks via runoff and groundwater input (Howes et 
al 1996).  Additionally, while the high marsh only floods with spring tides, the 
unvegetated sediments in salt marsh tidal creeks flood twice daily. Therefore these 
sediments are exposed to this excess N for much longer periods of time than the rest of 
the marsh.  Consequently, within in the tidal creek sediments there are increased 
opportunities for transformation of anthropogenic nitrogen (Teal & Howes 2000, Koop-
Jakobsen & Giblin 2010). As a result, these environments have been found to be 
important contributors to overall salt marsh N cycling (Kaplan et al. 1979, Aziz & 
Nedwell 1986, Thompson et al. 2000, Eriksson et al. 2003, Hamersley & Howes 2003, 
Dollhopf et al. 2005, Koop-Jakobsen & Giblin 2010). Salt marsh tidal creeks have often 
been found to have considerably higher rates of denitrification than any other portion of 
the vegetated marsh (e.g. Anderson et al. 1997, Thomas & Christian 2001, Koop-
Jakobsen & Giblin 2010). In fact, although these areas often comprise less than 20% of 
total marsh area they may be responsible for as much as 60% of total marsh 
denitrification (Kaplan et al. 1979).  Additionally, tidal creek sediments are capable of 
denitrifying the majority of nitrate entering through groundwater (Harvey & Odum 1990, 
Teal & Howes 2000, Tobias et al. 2001).  This denitrification capacity gives salt marsh 
tidal creeks the potential to remove much of the terrestrially derived nitrogen that enters 
the marsh before it can be exported to coastal receiving waters (Teal & Howes 2000, 
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Hamersley & Howes 2003), making these areas important contributors to the N removal 
ecosystem service that salt marshes provide.  
This study quantified the summer nutrient dynamics within salt marsh tidal creek 
sediments and their response to fertilization.  By taking advantage of a unique site of long 
term, tidal water fertilization, we evaluated the summer response of salt marsh tidal 
creeks to increasing nitrogen loads.  In addition we compared these directly measured 
fluxes with isotope pairing rates measured in the same creeks by Koop-Jakobsen and 
Giblin (2010).      
Methods 
Study Site 
Core and water samples were taken from tidal creek beds within the salt marsh 
system associated with the Plum Island Estuary Long Term Ecological Research Site 
(PIE LTER, http://ecosystems.mbl.edu/pie) located in Rowley, Massachusetts, USA.  
This salt marsh system lies on the northeastern Atlantic coast of the US, and connects to 
the Gulf of Maine through the Plum Island Sound estuary (average salinity= 27.4) and 
has a total area of 39.8 km
2
 making it one of the largest salt marsh systems in this region 
(Buchsbaum et al. 2009).  Additionally, the system receives about 89 x 10
6
 m
3
 of 
freshwater input primarily from the Parker, Rowley, and Ipswich rivers (Buchsbaum et 
al. 2009). Two different creeks in this system (4244N, 7050W), one fertilized and one 
reference creek were sampled in the summers of 2010 and 2011. These creeks experience 
semi-diurnal tides with an average tidal range of about 3 m, and despite upstream  
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Figure 1 Map of southern New England, USA and the Plum Island Estuary Long Term 
Ecological Research Site (PIE LTER, http://ecosystems.mbl.edu/pie).  The fertilized 
creek has been fertilized throughout each growing season since 2004, while the reference 
site is unfertilized. 
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freshwater input, are entirely tide dominated with virtually no water in the creeks at low 
tide. One creek has been fertilized from May to September every year since 2004 with 
approximately 70M NO3
-
 (above ambient levels, Table 2) added directly to the creek 
water on the incoming tide as part of a long-term fertilization study known as TIDE 
(Trophic cascades and Interacting control processes in a Detritus-based aquatic 
Ecosystem, Deegan et al. 2007, Johnson et al. 2009). This fertilization influences roughly 
0.2 km
2
 of marsh annually (Drake et al. 2009).  The direct addition of liquid fertilizer to 
the creek water more accurately mimics the delivery of N runoff to marshes than the 
typical plot based, high marsh fertilization (e.g. Caffrey et al. 2007).  Our second site, 
which had no nitrate fertilizer amendment but is similar in size and hydrological 
characteristics, served as a reference creek (Fig. 1). 
Core Sampling 
Triplicate cores were collected on three occasions: August 2010, June 2011, and 
August 2011.  Samples of the tidal creek bed were taken by hand using clear, PVC cores 
(5 cm diameter x 32 cm tall).  The cores were inserted directly into the creek bed 
sediment at low tide, to a depth of approximately 15 cm, while keeping the sediment 
surface undisturbed.  The cores were then stored in coolers to keep them cool and dark. In 
the same creeks, water was collected at high tide, filtered to 0.2 m, and stored in 20 L 
carboys. Both cores and filtered site water were transported back to Boston University for 
incubation where they were placed in a water bath in an environmental chamber set to 
ambient creek water temperature.    
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Whole Core Incubations 
Cores were left in the water bath overnight with air gently bubbling the overlying 
water. In the morning this water was carefully siphoned out and replaced with the filtered 
site water. The cores were filled to the top and then fit with gas tight lids without any air 
headspace or bubbles.  A magnetic stir bar (~30 rpm) on the core tops allowed for enough 
water movement to prevent stratification within the core, but not enough to disturb the 
sediment surface. Cores were incubated in the dark.  Replicate water samples were 
collected in gas tight 12 mL exetainer vials (Labco, UK) for later analysis of dissolved N2 
and Ar.  These samples were taken at five time points until the dissolved oxygen in the 
cores dropped at least 2 mg L
-1
 (62.5 mol O2 L
-1
, typically 6-8 h). Dissolved oxygen 
concentrations were measured using a luminescent dissolved oxygen (LDO) meter (Hach 
Company) at each time point. Once the desired drop in oxygen was attained, final 
samples were taken and the incubation was stopped before the dissolved oxygen reached 
2 mg L
-1
 (hypoxia).  The caps were then removed from the cores and the overlying water 
was gently bubbled with air overnight.  The next morning the water was carefully 
siphoned off and replaced with filtered site water. Once again we capped the cores with a 
gas tight lid, and no air headspace for the second incubation for nutrient fluxes. Water 
samples for nutrient analysis were also collected at five time points until the oxygen 
dropped by at least 2 mg L
-1
. Samples for NO3
-
, NO2
-
, NH4
+
, and dissolved inorganic 
phosphorus (DIP) analysis were filtered through a 0.7 m glass fiber filter (Wattman 
GF/F), collected in 30mL acid washed, polypropylene bottles that had been leached with 
Milli-Q water, and stored frozen until analysis.  At the end of the incubations we 
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removed sub samples of sediment from each core (down to 1 cm at 0.5 cm increments) 
for sediment density, porosity, and chlorophyll a analysis.  These samples were also 
frozen until analyzed.   
Gas and Nutrient Analysis 
Water samples were analyzed for dissolved N2 and Ar using the N2/Ar technique 
on a quadrupole membrane inlet mass spectrometer (MIMS) against an air-equilibrated, 
deionized water standard at constant in situ temperature (Kana et al. 1994). This method 
requires no sample preparation, a small sample size (<10 mL), and is capable of rapid 
sampling (20-30 samples h
-1
) with a precision of  <0.03% for N2/Ar. This method gives 
net N2 fluxes only.  That is, it is a measurement of total denitrification minus total 
nitrogen fixation, and specific N transformation pathways cannot be distinguished.  For 
this reason positive N2 fluxes indicate net denitrification while negative fluxes indicate 
net nitrogen fixation.  
  Dissolved inorganic nitrogen and phosphorous samples were analyzed 
colorimetrically on a SEAL Autoanalyzer 3 using standard colorimetric techniques 
(Strickland and Parsons 1968, Grassoff et al. 1983).  Practical detection limits of the 
SEAL Autoanalyzer 3 are 0.247, 0.066, 0.013, and 0.005 M for ammonium, nitrate, 
phosphate and nitrite, respectively (Ken Czapla, personal communication). We also 
routinely compare our laboratory standards to external standards (OSIL, UK) for each 
nutrient species; this comparison shows that analysis of each species has a precision of 
<4.0%.   
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Analysis of sediment characteristics 
Frozen sediment samples were thawed, sonicated, and extracted in 25 mL of 90% 
acetone overnight (Dalsgaard et al. 2000).  Extracted samples were then centrifuged and 
2 mL extracted aliquots were analyzed for chl a and pheophytin florescence (Trilogy 
Fluorometer, turnerdesigns.com). Sediment density and porosity were determined by 
drying a known volume of sediment from the top portion of each core (0-1 cm, at 0.5 cm 
increments) at ~60C until a constant weight was achieved.  Sediment density was then 
measured by water displacement, and porosity was also calculated (Dalsgaard et al. 
2000).  
Data Analysis 
We calculated fluxes from the sediment by running a linear regression through 
each of the five incubation sample points plotted against time.  Any flux regressions with 
an R
2
>0.65 were considered significant (Prairie 1996).  The slope of the linear regression 
was then multiplied by the volume of overlying water in the core and divided by core 
area to arrive at a flux of either dissolved gas or nutrients in mol m-2 hr-1.  Positive flux 
values indicate a release of from the sediment, while negative values signify sediment 
uptake. Oxygen to ammonium  (O/N) and ammonium to dissolved inorganic phosphorus 
(N/P) were calculated using the flux values and on a molar basis. We only used positive 
fluxes and for DIN this includes the ammonium flux alone because it was the only 
positive DIN flux (Teague et al. 1988).  All statistical analyses were carried out in R.  We 
used two-way analysis of variance (ANOVA) to test for significant differences in 
dissolved nutrient and gas fluxes between creeks and sample dates (=0.05).  The 
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significance of each relationship between various nutrient and gas fluxes was calculated 
using linear regression models, and all errors are reported as standard error.  
Results 
Sediment Characteristics 
All of the measured sediment characteristics were very similar between the two creeks.  
There were no significant differences between the fertilized and reference creeks in bulk 
density, porosity, or chl a content (Table 1).  Pheophytin concentration was slightly 
higher in the fertilized creek (2.1  0.3 versus 1.8  0.1 g cm-3 in the reference, n=9), but 
the difference is not significant.  This is surprising as we might expect sediment chl a to 
be stimulated by fertilization. However, chl a was only higher, but not significantly so, in 
the fertilized creek compared to the reference creek in August 2011 (0.9  0.3 and 0.5  
0.2 g cm-3, respectively, n=9).  
Dissolved Oxygen 
Sediment oxygen demand (SOD) was lowest in the reference creek in August 
2011 (-1272 mol m-2 hr-1) and greatest in the fertilized creek in June 2011 (-7855 mol 
m
-2
 hr
-1
).  There was no significant difference in SOD between the fertilized and 
reference creeks except in August 2011 in which the fertilized creek had significantly 
more oxygen uptake than the reference creek (p=0.05 Fig. 2a).  We also observed no 
significant difference in oxygen uptake between August 2010 and August 2011.  
  
  
 
 
Table 1. Sediment bulk density, porosity, chl a, and pheophytin values from  
the top 1 cm of sediment averaged over all three sample dates for each creek.   
Mean  SE shown (n=9). 
 
Creek Bulk Density Porosity 
Chlorophyll a 
(g cm-3) 
Pheophytin 
(g cm-3) 
Fertilized 1.12  0.1 0.50  0.2 1.23  0.3 2.10  0.3 
Reference 1.17  0.0 0.49  0.03 1.25  0.2 1.84  0.1 
 
1
3
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However, in both creeks SOD was significantly higher in June 2011 than either of the 
August sampling events (p<0.01 Fig. 2a). 
Dissolved Inorganic Nutrients 
The fertilized creek had significantly higher (p<0.01) ambient concentrations of 
both ammonium and nitrate (30.0  6 and 83.2  13 M, respectively, n=9) than the 
reference creek (15.8  4 and 5.4  0.5 M, respectively, n=9). Both creeks exhibited 
NO3
-
 uptake on all sample dates, but rates were significantly higher in the fertilized 
creeks (-258  43 mol m-2 hr-1, n=9) than in the reference creeks (-41.2  19 mol m-2 
hr
-1
, n=9, p<0.001). Highest sediment nitrate uptake was observed in August 2011 (Fig. 
2b). Nitrite (NO2
-
) flux was small when compared to NO3
-
 in both creeks, but large when 
compared with other reported fluxes (Aurand & Daiber 1973, Gardner & McCarthy 2009, 
Chen et al. 2010), with values ranging from -21.5 to 14.4 mol m-2 hr-1.  Additionally, 
both creeks showed NH4
+
 efflux in August 2010 and 2011 with no significant difference 
between fertilized and reference.  However, in June 2011 the fertilized creek had a zero 
ammonium flux while the reference creek saw ammonium uptake (Fig. 2c).  NH4
+
 fluxes 
in both creeks were significantly correlated with NO2
-
 fluxes (Fig.3c, R
2
= 0.79, p<0.001). 
O/N was not significantly different between the two creeks, but was higher than predicted 
by the Redfield ratio (22 and 21  4 for fertilized and reference, respectively, n=9).  
Phosphate fluxes in the creeks were quite variable.  In August 2010 we observed 
mean PO4
-
 fluxes indicating uptake in the fertilized creek and release in the reference 
creek (-4.1  0.9 and 3.7  5.0, respectively, n=9). The following summer, there was  
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Figure 2. Sediment oxygen (a), NO2
-
+NO3
-
 (b), NH4
+
 (c), and PO4
-
 (d) fluxes 
across the sediment water interface over the course of this study for the 
fertilized (shaded bars) and reference creek (open bars). Positive values indicate 
release from sediment, while negative values represent sediment uptake.  Mean 
 SE shown and n=9 (a-d).   
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mean PO4
-
 uptake in both creeks in June 2011, and release from both creeks in August 
2011 (Fig. 2d).  There were no significant differences in PO4
- 
flux between the sample 
dates.  On occasions that we had both positive NH4
+
 and DIP fluxes, the N/P ratio 
exhibited a large range (15.7 - 198.5), with an average N/P of 83.0  29 (n=6).  
Dissolved N2 
Net N2 fluxes did not vary significantly between sampling dates (Table 2). However, on 
average, we observed significantly higher net N2 fluxes in the fertilized creeks compared 
to the reference (162.7  32 and 0.74  39 mol N m-2 hr-1, respectively, n=9, p=0.034).  
All creeks exhibited net denitrification overall except the reference creek in June 2011, 
which showed a net N flux of -70.2  175 mol N2-N m
-2
 hr
-1
 (n=3).  This mean negative 
rate was driven by very high rates of N2-N fixation in one of the three June cores, which 
had net N2 flux of  -400.3 mol N2-N m
-2
 hr
-1
.  This was one of two net N fixing cores 
over the course of this study. On one other occasion we observed net N fixation in a 
sediment core, also from the reference creek, in August 2010 (-23.2 mol N2-N m
-2
 hr
-1
).  
Average net denitrification (excluding incidences of net N fixation, 162.7  32 and 61.3  
21 for fertilized and reference creeks, respectively, n=7) varied significantly with average 
initial water column NO3
-
 concentration in both creeks (Fig. 3a, R
2
= 0.73, p<0.019).  Net 
denitrification also varied significantly with average O2 flux in both creeks. However, the 
slope of this relationship was different for each creek (Fig. 3b, r
2
= 0.99, p< 0.01 for both 
lines).  
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Table 2. Initial water column NO3
- 
concentrations and net N2 fluxes 
 for each sample date averaged over triplicate cores in both the  
fertilized and reference creeks.  Mean  SE shown (n=3). 
 
Sample 
Date 
Creek 
[NO3
-
] 
(M) 
N2-N 
(mol N m-2 hr-1) 
August 
2010 
Fertilized 38.6  0.7 141.8  94.5 
 Reference 6.7  0.3 64.9  7.5 
June 2011 Fertilized 120.6  13.0 225.5  156.0 
 Reference 5.9  0.3 -70.2  175.3 
August 
2011 
Fertilized 91.0  1.0 121.0  102.5 
 
Reference 3.7  0.1 7.5  20.2 
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Figure 3 (a) Net denitrification versus initial water column nitrate concentration 
(y=1.2x+59.3, r
2
= 0.73, p<0.019). (b) Average net denitrification versus 
sediment oxygen demand (y=0.04x-3.6, y=0.02x-3.5 for fertilized and reference, 
respectively; (r
2
= 0.99, p< 0.01 for both lines) (c) Ammonium flux versus nitrite 
flux for both creeks on all three sample dates (y=14.5x+205.2, r
2
= 0.79, 
p<0.001).  Closed circles signify fertilized creek values while open circles 
signify reference creek values.  Linear regressions were the best fit for all three 
data sets. Mean  SE shown, which reflects variability between individual cores 
(a and b, n=3).  
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Discussion 
Sediment Oxygen Demand 
Sediment oxygen demand in the tidal creeks was with in reported range of other 
salt marsh studies and tidal creek studies (e.g. Caffrey et al. 2007). The fact that SOD was 
similar between the two is supported by the similarities in sediment characteristics (Table 
1), reassuring us that these creeks are indeed very similar environments.  It also indicates 
that fertilization, at least during these summer months, did not have a large influence on 
rates of oxygen consuming processes (such as aerobic organic matter decomposition). 
However, oxygen uptake was significantly higher in both creeks in June 2011 than in 
either August.  This was surprising given that June 2011 had the coolest temperatures of 
the three dates (22C versus 26C). Since this is a relatively small difference in 
temperature, the change in SOD was likely driven by other factors.  For example, the chl 
a to pheophytin ratio was highest in June (0.7  0.05, n=3) as opposed to August 2010 
and 2011 (0.4  0.09 and 0.5  0.06, respectively, n=3). This suggests that there was a 
higher ratio of living to dead microphytobenthos, which in a dark incubation, could 
indicate higher oxygen consumption by both autotrophs and heterotrophs (Ferguson et al. 
2007).  Additionally, the visible redox layer was deepest in both creeks in June, 
indicating a larger zone of aerobic processes and therefore higher oxygen uptake (Brune 
et al. 2000).  
Benthic Nutrient Fluxes 
Phosphate uptake in the fertilized creek was often coupled with ammonium 
release, indicating that biological processes in these sediments were retaining P.  
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Additionally, though N/P ratios were variable in both creeks, they were high (average 
83.0  29, n=6) indicating that much more N than P was being released from the 
sediment. N/P ratios of benthic fluxes are an indication of the nutrient ratios available for 
primary production and our observed ratios suggest that P might be limiting to creek 
primary production.  In addition, the overall high N/P ratios and incidences of sediment 
phosphate uptake suggest that heterotrophic processes in these sediments may also have 
been P limited.  This is consistent with other studies examining the impact of excess N on 
salt marsh ecosystems. Specifically, Van Wijnin and Baker (1999) and Sundareshwar et 
al. (2003) found salt marsh vegetation and sediment microbial community were P limited 
under N saturating conditions (van Wijnen & Bakker 1999, Sundareshwar et al. 2003).  
Net N2 
The net N2 fluxes in the fertilized creek were higher than those reported from 
British salt marsh tidal creek studies, while those in the reference creek were with in 
range (Aziz & Nedwell 1986, Koch et al. 1992).  Additionally, our fertilized creek rates 
were within the reported range of other New England studies (Kaplan et al. 1979, Koop-
Jakobsen & Giblin 2010) as well as an Italian study (Eriksson et al. 2003). However, our 
rates were a great deal lower than rates reported in tidal creek sediments on the Georgia 
coast, USA (3,517 μmol N2-N m
-2
 h
-1
, Dollhopf et al. 2005).  The difference here is likely 
due to the high density of bioturbating macrofauna in these marsh systems that have been 
shown to stimulate coupled nitrification-denitrification (Dollhopf et al. 2005).  
Net nitrogen fixation is uncommon but not unheard of in salt marsh sediments, 
and may be an important nitrogen source for N limited marshes (Delaune et al. 1989, 
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White & Howes 1994).  Our N fixation appeared to be linked particularly with the NH4
+
 
flux. In June 2011, when NH4
+ 
flux was negative in the reference creek we also saw net 
nitrogen fixation, and at the same time the fertilized creek saw a zero ammonium flux and 
its lowest rates of net denitrification (Fig. 2C, Table 2).  Additionally N/P was lowest in 
June in the reference creek with a value of 15.7. Though this is almost exactly the 
Redfield ratio, the fact that it was so much lower than the other sampling dates (more 
than 5x lower than our observed average) indicates that in June, microbial activity in 
these creeks was starved for nitrogen.  This contrasted with the creeks in August, which 
had much higher N/P values and large effluxes of ammonium (Fig. 2c).  
The significantly higher rates of nitrate uptake in the fertilized marsh coincided 
with higher rates of net denitrification (Fig. 2b, Table 2).  As in other salt marsh studies, 
this increase in NO3
-
 uptake and in denitrification was driven by the fertilization (e.g. 
Koch et al. 1992, Lee et al. 1997, Hamersley & Howes 2005).  The initial NO3
-
 
concentration in the overlying creek water and rates of net denitrification were highly 
correlated in both creeks indicating that denitrification was NO3
-
 limited and that the 
additional NO3
- 
supply in the fertilized creek was driving higher rates of denitrification 
(Fig. 3a).  Though this was a linear relationship, it would likely shift at very high nitrate 
concentrations.  It has been shown in estuarine sediment that as nitrogen load increases, a 
smaller percentage of the added DIN gets denitrified (Seitzinger & Nixon 1985).  Though 
denitrification can be limited or inhibited by factors such as deeper oxygen penetration or 
sulfide interaction with either nitrifiers or denitrifiers (Sorensen 1978, Joye & Hallibaugh 
1995), SOD was not significantly different between the creeks, indicating that these 
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factors should be relatively equal between the two sites.  Likely, there would be a certain 
threshold of NO3
-
 at which denitrification would be limited by some other factor such as 
phosphate or organic matter availability in the fertilized creek (Cornwell et al. 1999).  At 
this point, rates of denitrification would not continue to increase but would either plateau 
despite increasing N availability, or begin to decrease as another, more competitive 
process for the conditions (such as DNRA) began to dominate, as has been reported in 
estuaries (Seitzinger & Nixon 1985). Though we did see this happening in this system 
(Table 3), the nitrate concentrations in the creeks were low enough that denitrification 
still represented a sizable portion of NO3
-
 removal, at rates that were elevated compared 
to the reference creeks.   
In addition to being well correlated with nitrate, the rates of net denitrification 
(excluding net N fixing cores) in both creeks were highly correlated with sediment 
oxygen demand, though the slope of the regression is twice as high for the fertilized creek 
than for the reference (0.04 and 0.02, respectively; Fig. 3b).  This relationship is 
indicative of coupled nitrification-denitrification, while the relationship between net 
denitrification and nitrate indicates direct denitrification.  Thus, it is likely that both direct 
denitrification and coupled nitrification-denitrification are occurring. This has also been 
found in isotope pairing studies of salt marshes where both direct and coupled 
denitrification have been measured together (Hamersley and Howes 2005, Koop-
Jakobsen and Giblin 2010).   
In fact, in 2010 Koop-Jakobsen and Giblin published an isotope pairing study that 
was conducted in these same creeks in August 2006.  Their study found both direct and  
  
 
 
 
Table 3. Denitrification rates, DNRA rates, and percentage of total NO3
-
 uptake as DNRA 
in the fertilized and reference creeks from Koop-Jakobsen and Giblin (2010) and this  
study. For comparison purposes, the denitrification values from this study are net values  
and do not include the two instancesof net fixation. Mean  SE shown (n=9 for this study). 
  
 
  
Study Creek 
Denitrification 
(mol N m-2 hr-1) 
DNRA 
(mol N m-2 hr-1) 
% total NO3
-
 
uptake as DNRA 
Koop-Jakobsen 
and Giblin 
(2010) 
Fertilized 332.1  73.5 307.3  82.1 48% 
Reference 20.6  2.4 21.7  3.1 51% 
This Study 
 
 
Fertilized 162.6  32 132.0  43.1 45% 
Reference 61.3  21 7.69  4.4 11% 
 
 
2
3
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coupled denitrification occurred. However, direct denitrification was much more 
important in the fertilized creek (Koop-Jakobsen & Giblin 2010).  Overall Koop-
Jakobsen and Giblin (2010) found higher rates of denitrification than those we measured 
in the fertilized creek (332.1  73.5 and 162.3  32 mol N m-2 hr-1, respectively, n=9 for 
this study) and lower values than ours in the reference creek (20.6  2.4 and 61.3  21 
mol N m-2 hr-1, respectively, n=9, Table 3). The difference between denitrification rates 
in the two studies was primarily in the fertilized creek. This is likely a result of the fact 
that, though we eliminated net N fixing cores for this comparison, our N2 fluxes also 
accounted for any co-occurring sediment N fixation, while the Koop-Jakobsen and Giblin 
(2010) study was a measure of denitrification only.  Additionally, though these two 
studies were done in the same creeks at the same time of year, they were four years apart 
and differences between our results may also be reflecting natural, annual variability 
within this system.  However, these differences were not statistically significant, and, 
given that different methods were used and measurements were from different years, 
there was remarkably good agreement between the two studies.  
Dissimilatory Nitrate Reduction to Ammonium (DNRA) 
Denitrification is just one of the NO3
-
 transformation processes that occurs in salt 
marsh systems, and it cannot account for the entire nitrate flux found in this study (Fig. 
2).  This is especially true for the fertilized creek where the average NO3
-
 flux was -258.1 
 44 mol N m-2 hr-1 (n=9), but the average N2 flux was only 162.7  33 mol N2-N m
-2
 
hr
-1
 (n=9), leaving nearly 100 mol N m-2 hr-1 unaccounted for.  Based on this, and the 
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large efflux of NH4
+
 we observed in August, we hypothesize that this NO3
-
 went to 
DNRA in these creeks.  DNRA has been found to be an increasingly important NO3
-
 
transformation process in marshes (Hopkinson and Giblin 2008); it can account for 
anywhere from 0-60% of total nitrate reduction (Tobias et al. 2001, Ma & Aelion 2005, 
Koop-Jakobsen & Giblin 2010), and could account for the “missing” nitrate flux in our 
creeks.   
If we assume that denitrification and DNRA were the dominant NO3
-
 uptake 
pathways in our creeks, as has been previously shown (Hopkinson and Giblin 2008), we 
can calculate potential rates of DNRA by subtracting the denitrification rate from the 
absolute value of the nitrate uptake rate.  In doing this, we assume that in any cores where 
the N2 flux rates were negative (nitrogen fixing) or less than the magnitude of the NO3
-
 
flux have a DNRA rate of zero.  By this calculation we see that the potential rates of 
DNRA were significantly higher (p<0.013) in the fertilized compared to the reference 
creek (132.0  43 and 7.7  4 mol N m-2 hr-1, respectively, n=9, Table 3). Additionally, 
DNRA represented a larger percentage of the total nitrate uptake than denitrification in 
the fertilized creek (45%) versus the reference creek (11%, Table 3).  The limitation of 
this calculation is that in the nitrate flux we only measured nitrate that was taken up from 
the water column, but we could not account for NO3
-
 that was produced in the sediment 
by nitrification, making these conservative estimates of DNRA rates particularly in the 
reference creek where coupled nitrification-denitrification has been found to be dominant 
(Koop-Jakobsen & Giblin 2010).  
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Our rates of DNRA are calculated rates and are lower, but comparable to rates 
measured in these same creeks in 2006 by Koop-Jakobsen and Giblin (307.3  82 and 
21.7  3 mol N m-2 hr-1 in the fertilized and reference creeks, respectively; 2010).  
However, unlike those in our study, Koop-Jakobsen and Giblin (2010) found that the 
DNRA rates represented relatively equal percentages (~50%) of the total nitrate uptake in 
both creeks (Table 3).  This difference may, again, be due to the fact that our calculated 
rates of DNRA can only account for direct NO3
-
 uptake and not for that supplied by 
nitrification.  Though nitrification was not found to be a dominant process in the 
fertilized creek, it was in the reference creek (Koop-Jakobsen & Giblin 2010). Therefore 
our calculated DNRA rates may be an underestimation, particularly in the reference 
creek.    
Whether measured or calculated, DNRA rates were higher in the fertilized creek 
in both our study and in Koop-Jakobsen and Giblin (2010). Additionally, they were 
generally higher than rates found in estuarine sediments (Christensen et al. 2000, An & 
Gardner 2002).  As DNRA is thought to be controlled by labile carbon and sulfide 
availability as well as that of nitrate, it is not surprising that it is an important pathway in 
salt marshes (Burgin & Hamilton 2007, Hopkinson and Giblin 2008, Koop-Jakobsen & 
Giblin 2010).  Salt marshes in general, and fertilized creeks like the one in this study in 
particular, are ideal places for DNRA to occur. The mostly anoxic sediments of salt 
marshes are well known hot spots for sulfide production, providing an ideal environment 
for the chemolithoautotrophs that carry out DNRA through the reduction of nitrate and 
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the subsequent oxidation of reduced sulfur forms such as hydrogen sulfide (Burgin & 
Hamilton 2007).   
Additional evidence for DNRA in these creeks comes from the nitrite and 
ammonium fluxes.  We observed a strong correlation (r
2
=0.79, p<0.001) between the 
fluxes of NH4
+
and NO2
-
 (Fig. 3).  Although these fluxes were generally larger in the 
fertilized creek, the regression also fit the un-fertilized reference creek (Fig 3).  
Measureable fluxes of nitrite in marine sediments are uncommon, and because it is an 
intermediate for so many N cycle processes, determining its source can be challenging.  
However, the strong correlation of nitrite efflux to ammonium efflux indicated that at 
least the first step of DNRA was occurring these creeks.  The other N cycle processes that 
affect NO2
-
 would likely yield a different pattern with ammonium.  For example, 
nitrification consumes NH4
+ 
and produces NO2
-
 as an intermediate and would therefore 
yield a relationship in the opposite direction of the one we observed.  And anammox 
consumes both NO2
-
 and NH4
+
, ultimately producing N2, therefore, we would expect to 
see a correlation between ammonium and nitrite uptake, not release.  While 
denitrification can release NO2
- 
as an intermediate in the second step, it does not directly 
affect ammonium, so we would not expect to see any correlation between ammonium and 
nitrite with denitrification alone.  Finally, it has been proposed that NO2
-
 is an important 
intermediary product of DNRA particularly when DNRA dominates over denitrification 
(Rysgaard et al. 1996, An & Gardner 2002, Dong et al. 2009, Gardner & McCarthy 
2009).   In this process we might then expect to see an efflux of both intermediary NO2
-
 
and of NH4
+
, the end product.  This is exactly what we observed in our creeks.  This is 
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the first time this relationship between ammonium and nitrate has been reported in a salt 
marsh ecosystem. The tightly correlated relationship between nitrite and ammonium 
indicates that DNRA was not only present, but was a prevalent nitrogen transformation 
process in these creeks which would keep reactive N cycling within this system. 
DNRA also represented a larger percentage of total NO3
-
 transformation than 
denitrification in the fertilized creek in this study (Table 3).  This, again, was likely the 
result of the fertilization and a difference in biochemistry between denitrification and 
DNRA. Michaelis-Menten kinetics describes a reaction rate (in this case DNRA or 
denitrification) as a function of the substrate concentration (in this case NO3
-
). 
Denitrification and DNRA have been found to have very different values of Km (substrate 
concentration at which the reaction rate is ½ the maximum, (Dowd & Riggs 1965).  
Denitrification has a Km value ranging from ~5-10, while DNRA’s ranges from ~100-500 
(Jorgensen 1989). Thus, denitrifiers have a higher reaction rate at low NO3
-
 
concentrations than the organisms carrying out DNRA, whereas DNRA has a higher 
reaction rate than denitrifiers at high NO3
- 
concentrations.  Therefore, DNRA may 
outcompete denitrification at higher concentrations of NO3
-
, while lower NO3
-
 
concentrations may favor denitrification (Jorgensen 1989)(Jørgensen 1989).  If this holds 
true, future anthropogenic nutrient loading may push sediment processes in favor of 
DNRA over denitrification, as in the fertilized creek studied here, which in turn favors 
keeping more reactive N in the system.  
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Conclusions 
Salt marshes serve as a buffer between the terrestrial and marine environments, and 
perform the critical ecosystem service of helping to remove excess reactive nitrogen via 
denitrification before it reaches coastal receiving waters.  Increasing anthropogenic 
nutrient runoff may potentially push these systems toward higher rates of DNRA instead 
of denitrification. Under this scenario salt marsh systems would have a reduced N 
filtering capacity and more anthropogenic nitrogen would be exported to coastal 
receiving waters. We found denitrification rates in the salt marsh tidal creeks to be 
comparable to those found in vegetated marsh environments (Caffrey et al. 2007).  These 
un-vegetated portions of the marsh receive the brunt of anthropogenic nutrient runoff and 
are exposed to it for much longer time periods than the marsh platform making them key 
contributors to overall salt marsh nitrogen removal.  As salt marshes provide a key 
ecosystem function of N removal, excess N loading, as stimulated in this long-term tidal 
creek fertilization, may be altering the functionality of these ecosystems thereby 
jeopardizing their ability to affectively remove reactive nitrogen from the biosphere.    
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CHAPTER 2 
SPATIAL VARIABILITY OF NITROGEN CYCLE DYNAMICS AND 
MICROPHYTOBENTHOS ACTIVITY IN AN INTERTIDAL MUDFLAT 
 
A. M. Vieillard 
Abstract 
Tidal flats are critical components of coastal estuarine ecosystems characterized by high 
rates of benthic primary productivity and biogeochemical cycling.  In order to investigate 
the impact of anthropogenic nutrient loading on tidal flat biogeochemistry we conducted 
a two-week fertilization experiment.  Throughout the course of the study we conducted 
two light-dark, whole-core incubations and took measurements of three indicators of 
microphytobenthos activity.  The only fertilization effect we observed was on sediment 
chlorophyll a, which was significantly higher in the fertilized transect, and appeared to be 
the result of non-diatom algal growth.  Net N2 fluxes ranged from -16.9 to 30.1 mol m
-2
 
h
-1
, exhibiting net denitrification under light conditions and net N fixation in the dark.  
DIN fluxes were highly variable, but highlighted the importance of both nitrification and 
DNRA for N cycling with in these sediments.  Overall, the tidal flat had a high 
denitrification efficiency and was thus an important sink, and not a source, of nitrogen.   
Introduction 
Temperate, estuarine ecosystems are comprised of several diverse habitats which 
transition rapidly over relatively small spatial scales (Piehler & Smyth 2011).  These 
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systems can range from cord grass-dominated marshes, to intertidal sand and mudflats, to 
the open water and subtidal sediments of estuaries themselves.  These ecosystems claim 
some of the worlds highest rates of marine productivity (Underwood & Kromkamp 1999) 
and therefore some of its most productive and economically valuable food webs (Ryther 
1969).  High primary production rates are often attributed to tight internal nutrient 
recycling known as benthic-pelagic coupling, in which nutrient regeneration in the 
benthos fuels primary productivity in the water column, which then falls to the sediments, 
providing a source of organic carbon to the benthos (Kelly et al. 1985).  In addition, 
estuarine ecosystems receive higher nutrient inputs per unit area than any other 
ecosystem (Howarth 1993), thus nutrient cycling in these environments has been widely 
studied (e.g. Nixon et al. 1995, Rendell et al. 1997, Hopkinson et al. 1999, Struyf et al. 
2004).  Nitrogen (N) dynamics in estuarine environments have received particular 
attention as human activities, such as inorganic fertilizer production and fossil fuel 
combustion, have more than doubled the amount of bio-available N in the last century, 
resulting in increasing N loads to coastal ecosystems (Nixon et al. 1996, Vitousek et al. 
1997).  These increased N concentrations in coastal waters can have negative 
consequences including extensive coastal eutrophication (Smith 2003), changes in the 
abundance and community composition of phytoplankton blooms (Schelske & Stoermer 
1971, Lancelot 1995), and declines in fisheries resources (Conley et al. 1993).  
Additionally, increased eutrophication has led to a higher incidence of coastal hypoxia 
(Rabalais et al. 2001, Diaz & Rosenberg 2008).  Despite the adverse effects of increasing 
N, estuarine ecosystems world-wide are also recognized as efficient N filters, capable of 
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removing 10-60% of land-derived, reactive N (Nixon et al. 1995, Nedwell & Trimmer 
1996, Ogilvie et al. 1997, Stockenberg & Johnstone 1997, Berelson et al. 1998, van 
Beusekom & de Jonge 1998, Barnes & Owens 1999).   
The primary mechanism for N removal in estuarine ecosystems is denitrification.  
Denitrification is a multi-step respiration pathway carried out by facultative anaerobes 
(Tiedje et al. 1989) in which nitrate (NO3
-
) serves as the terminal electron acceptor in the 
oxidation of organic carbon in anoxic conditions, producing N2 gas (Burgin & Hamilton 
2007).  In coastal environments NO3
-
 for sediment denitrification is generally supplied 
either by diffusion from the overlying water, groundwater input, or the biologically 
mediated oxidation of ammonium (NH4
+
) to NO3
-
, known as nitrification (Valiela & Teal 
1979, Nishio et al. 1983, Talbot et al. 2003).  Additional potential N removal processes 
include anaerobic ammonium oxidation (anammox) as well as the anaerobic oxidation of 
ammonium with iron(III) (Fe(III), known as feammox).  Anammox is a 
chemoautotrophic process by which NH4
+
 is oxidized with nitrite (NO2
-
) to produce N2 
(Burgin & Hamilton 2007), while feammox can be an either abiotic or biologically 
mediated process which couples anaerobic oxidation of NH4
+
 with Fe(III) reduction to 
produce either N2 or NO2
-
 (Yang et al. 2012).  To date anammox has been found to be 
relatively less important in estuarine systems than denitrification (e.g. Dalsgaard et al. 
2005), and while feammox has been found in wetlands (Clement et al. 2005), its 
significance in subtidal estuarine sediments has not been investigated.   
In addition to N removal processes, other N transformation processes that can be 
important in coastal estuarine ecosystems include N fixation, nitrification, and 
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dissimilatory nitrate reduction to ammonium (DNRA, An & Joye 2001, An & Gardner 
2002, Fulweiler et al. 2008, Koop-Jakobsen & Giblin 2010).  N fixation is a bacterially 
mediated process which converts N2 into more widely bioavailable NH4
+
, while 
nitrification is a two step pathway which oxidizes NH4
+ 
to NO3
-
 via NO2
-
 (Valiela & Teal 
1979).  DNRA is the dissimilatory reduction of NO3
-
 to NH4
+ 
via either fermentive 
processes or, more often, sulfur oxidation (Burgin & Hamilton 2007).  In shallow, coastal 
systems, N removal processes within the sediment, such as denitrification are major 
controls on the amount of reactive N cycling within the system.  Moreover, sediment N 
regeneration processes such as nitrification and dissimilatory nitrate reduction to 
ammonium (DNRA) influence the flux of inorganic N to the water column and, therefore, 
availability for phytoplankton growth (Aller & Benninger 1981, Callender & Hammond 
1982, Flint & Kamykowski 1984).  
Tidal flats are important subsystems of the estuarine ecosystem, which provide 
many ecosystem services.  These areas serve as vital foraging grounds for migratory birds 
(Galbraith et al. 2002, Danufsky & Colwell 2003) and are commercially valuable habitat 
for bait and shellfisheries (Brown & Herbert Wilson 1997, Smaal et al. 2001).  
Additionally, tidal flats have high rates of primary production (de Brouwer et al. 2003, 
Kang et al. 2003) and play an important role in coastal nutrient cycling (Joye et al. 2009, 
Longphuirt et al. 2009).  These systems have been shown to be both important sources 
and sinks of various nutrients (Joye et al. 2009).  However, though extensive research has 
focused on N cycling in the salt marsh (Valiela & Teal 1979, Thomas & Christian 2001, 
Poe et al. 2003, Koop-Jakobsen & Giblin 2010) and many others) and subtidal estuarine 
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components of the coastal estuarine ecosystem (Binnerup et al. 1992, Nixon et al. 1995, 
An & Joye 2001, Ferguson et al. 2007, Gardner & McCarthy 2009, and many others), 
comparatively few studies focus on N cycling in tidal flats (e.g. Falcao & Vale 1995, 
Asmus et al. 1998, Rocha 1998, Billerbeck et al. 2006).  Additionally, while relatively 
few studies have measured denitrification in tidal flat sediments (Table 1), those studies 
have found them to be efficient N filters, and in some cases, to have higher rates of net 
denitrification than their subtidal counterparts (Trimmer et al. 2000, Piehler & Smyth 
2011).  Thus, tidal flat sediment nutrient cycling and N removal can have important 
controls on the supply of nitrogen to estuarine waters (Callender & Hammond 1982).  
In contrast to nitrogen cycling, these environments have been extensively studied in 
regard to their primary productivity (MacIntyre et al. 1996, Sigmon & Cahoon 1997, 
Longphuirt et al. 2009, Andersen et al. 2010, Piehler et al. 2010, and many others).  This 
benthic primary productivity is typically a result of the growth of diatom-dominated 
microalgal assemblages, which include some cyanobacteria and other bacteria.  Together 
these predominantly photosynthetic assemblages are known as microphytobenthos (MPB, 
MacIntyre et al. 1996).  Primary production in intertidal sediments has often been found 
to be nearly as high or as high as water column primary production in and may directly 
contribute to pelagic production when resuspended (MacIntyre et al. 1996, Underwood & 
Kromkamp 1999).  As such, MPB represent a substantial carbon source for benthic 
heterotrophs both directly through their biomass and via carbohydrate excretions known 
as extra cellular polymeric substances (EPS, Goto et al. 1999, Middelburg et al. 2000, 
Cook et al. 2007).  Because they generally grow in mats, MPB have also been shown to 
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alter chemical properties within the sediments including oxygen concentrations and redox 
chemistry (Porubsky et al. 2009). Additionally, they exhibit regulatory control over 
nutrient fluxes across the sediment water interface (Darley et al. 1979, Sundback et al. 
1991, Sigmon & Cahoon 1997, An & Joye 2001).  This nutrient demand has been 
demonstrated to be in direct competition with sediment bacterial N cycling processes 
such as nitrification and denitrification, giving MPB further control over sediment N 
cycling (Sundback et al. 2000, Risgaard-Petersen 2003, Risgaard-Petersen et al. 2004).   
The spatial and temporal distribution of MPB (Underwood & Paterson 1993, MacIntyre 
et al. 1996, Herman et al. 2001) as well as bacterial N cycle processes within the 
sediment are notoriously patchy (Laima et al. 1999, Groffman et al. 2009, Table 1).  
Many of the previous studies on N dynamics in intertidal systems have good resolution to 
capture the temporal variability, but have sampling that is relatively spatially limited 
(Kaspar 1983, Kieskamp et al. 1991, Koch et al. 1992, Patel 2008, Piehler & Smyth 
2011).  Additionally, the relatively limited data that are available are so varied that it is 
difficult to summarize N cycling in intertidal systems overall (Joye et al. 2009). 
Therefore, further quantification of the heterogeneity of these processes will expand our 
understanding of the biogeochemistry of intertidal systems as well as their importance in 
the coastal marine ecosystem.   
  
 
 
 
 
Table 4. Denitrification rates in previous studies of intertidal sediments. 
Location 
Denitrification Rate 
(mol N2-N m
-2
 h
-1
) 
Measurement Method Study 
Huon Estuary, Australia 0.3-3 Isotope Pairing Cook et al. 2004 
Delaware Inlet, New 
Zealand 
4.76-23.5 Acetylene block Kaspar 1983 
Wadden Sea, Netherlands 1-55 Acetylene block Kieskamp et al. 1991 
River Torridge, UK 1.04-11.56 Acetylene block Koch et al. 1992 
Ago Bay, Japan 4-40 Gas Chromatograph Patel 2008 
Bogue Sound, NC, USA 13.1-92.5 N2/Ar Piehler & Smyth 2011 
Thames River, UK 0-19,616 Isotope Pairing Trimmer et al. 2000 
Yangtze Estuary, China 18.71-35.87 Acetylene block Wang et al. 2007 
Plum Island Sound, MA, 
USA 
-17-8.9 N2/Ar This study 
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In this study we conducted a two-week fertilization of tidal flat sediments during 
which we conducted two light-dark, whole-core, benthic metabolism incubations and 
measured various parameters for MPB activity. Our objective was to characterize the 
spatial variability of benthic nutrient fluxes within a tidal flat system, to evaluate the 
influence of the MPB community on these fluxes, and to investigate the effect of 
increased anthropogenic nutrient loading on the system.   
Methods 
Study Site 
Our study site is an intertidal mudflat along the northwest bank of the Rowley 
River which is part of the Plum Island Ecosystem Long Term Ecological Research site 
(PIE LTER, http://ecosystems.mbl.edu/pie/dite.html) in Rowley, Massachusetts, USA, 
The tidal flat is unvegetated, and sediments are of silt/clay composition with low organic 
content (Viggato 2013).  Additionally, the sediments support an active, diatom-
dominated, benthic microalgal community (microphytobenthos, average biomass ~ 800 
mg C m
-2
, Pascal et al. 2013).  The Rowley is a tidal river (salinity range 13-29 ppt), 
which drains a small watershed of approximately 17.2 km
2
 and empties into Plum Island 
Sound estuary (Tobias et al. 2003).  The area experiences semi-diurnal tides with a mean 
tidal range of 2.63 m.  This study was conducted on two 1x6 m transects of a 20 m
2
 plot 
of tidal flat sediment at low tide.  
Sediment Fertilization 
 In order to assess the response of microphytobenthos and sediment nutrient 
cycling to increasing nitrogen loads, we conducted a fourteen-day fertilization study of  
  
39 
 
 
 
 
 
 
  
Figure 4. Aerial view of study site along the Rowley River.  The fertilized transect 
(dark shading) is up river of the control transect (light shading), and both plots 
begin 4.5 m from the face of the marsh scarp. 
N 
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these tidal flat sediments from September 12-26, 2011.  We established two 1x6 m 
sediment transects perpendicular to the tidal line and 4 m apart (Fig. 1).  The upstream 
transect on the received daily fertilization in the form of 70 mol L-1 sodium nitrate 
(NaNO3) added to filtered river water. We applied the fertilizer to the sediment surface 
with a fertilizer sprayer (SoloPRO) at a rate of 1.1 L min
-1
 giving a total N load over the 
two week period of 385 mol d-1.  The concentration was chosen to match the 
concentration added in a long-term fertilization study of the nearby salt marsh tidal 
creeks (Trophic cascades and interacting control processes in a detritus-based aquatic 
ecosystem, TIDE, (Deegan et al. 2007, Johnson et al. 2009).  Additionally, this was the 
maximum concentration approved through permitting. When fertilizing we were careful 
to spray the sediment surface long enough to supply treatment, but not so long as to wash 
away the top layer of fine, flocculent sediment.  The transect down river from the 
experimental plot, and 4 m away served as a control, and each transect was divided into 
six 1x1 m sub plots for the purpose of sampling.  
Benthic Fluxes 
In order to asses the spatial variability as well as the effect of nutrient addition on 
nutrient transformation within the tidal flat sediments, benthic fluxes of N2 and oxygen 
(O2) gas as well as dissolved NH4
+
, NO3
-
, NO2
-
, phosphate (PO4
3-
), and dissolved silicate 
(DSi, SiO2) from each subplot were measured on the first and last days of fertilization 
(September 12 and 26, 2011).  We accomplished this by conducting whole core 
incubations on sediment cores (polyvinyl chloride, 5 cm diameter x 32 cm tall) taken by 
hand, directly from the tidal flat.  Cores were carefully inserted into the sediment of each 
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of the 12 subplots at low tide to a depth of approximately 15 cm, keeping the sediment 
surface and vertical zonation intact.  The cores were then covered, and transported in the 
dark back to Boston University where they were immediately placed in a water bath of in 
situ temperature. Full details of the dark incubation technique have been previously 
described (Vieillard & Fulweiler 2012). Briefly, cores were incubated in a gravity-fed 
system with filtered site water and gas-tight lids with no air headspace.  Each core top 
was equipped with a magnetic stir bar (~30 revolutions min
-1
) to prevent water column 
stratification.  Replicate dissolved gas/nutrient samples were then taken at five time 
points throughout the incubation.  Following each dark incubation we turned aquarium 
lights on over the water bath, exposing the cores to light levels of approximately 100 
mol m-2 s-1. This light level falls well within the range we observed on the tidal flat (6.4 
to 1600, mean = 550 mol m-2 s-1) and is considered to be in the optimal range for benthic 
diatom growth (Stal & de Brouwer 2003).  We then continued to incubate the cores in the 
light, taking an additional 4 replicate sample points.  Incubations were done in this order 
to first drive oxygen concentrations down in the dark thus avoiding bubble formation, 
which can interfere with N2 measurements in the light (Eyre & Ferguson 2002). Total 
dark and light incubation time for these sediments averaged approximately 33 hours.   
 Dissolved oxygen in the cores was measured using a luminescent dissolved 
oxygen meter (Hach HQ 40d).  Water samples were analyzed for dissolved N2 on a 
membrane inlet mass spectrometer (MIMS) using the N2/Ar technique against an air-
equilibrated deionized water standard at constant in situ temperature (Kana et al. 1994).  
We run this method with a precision for N2/Ar <0.03%.  Dissolved inorganic nutrients 
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(NH4
+
, NO3
-
, NO2
-
, PO4
3-
, and SiO2) were measured colorimetrically on a SEAL Auto-
analyzer 3 using standard colorimetric techniques (Strickland & Parsons 1968, Grasshoff 
et al. 1983).  Practical detection limits for this method are 0.247, 0.066, 0.013, 0.005, and 
0.016 μM for ammonium, nitrate, phosphate, nitrite, and silicate, respectively.  Our 
laboratory standards are routinely compared to external standards (OSIL environmental 
instruments and systems), and analysis of each nutrient species with this method has a 
precision of <4.0%.  
 We calculated benthic gas and nutrient fluxes by running a linear regression 
through the five sample points from the incubations for each dissolved species plotted 
against time.  Any of these regressions that had an R
2
 > 0.65 were considered significant 
fluxes (Prairie 1996).  The slope of each linear regression was then multiplied by the 
volume of water and divided by sediment surface area to give a flux in mol m-2 h-1.  
Positive fluxes indicate efflux (or net denitrification, in the case of N2), while negative 
fluxes indicate sediment uptake (or net N fixation, in the case of N2).   
Sediment Analysis 
 In addition to sediment cores, samples for analysis of sediment chlorophyll a (chl 
a), biogenic silica (BSi), and extracellular carbohydrates (EPS) were collected every 
other day of the experiment in order to monitor the spatial and temporal variability of the 
tidal flat MPB community.   
Samples for chl a were collected in duplicate from each subplot using 1 cm sub 
cores.  The top 0.5 cm of sample was then frozen until analysis.  To analyze for chl a and 
pheopigments, frozen sediment samples were thawed, sonicated and extracted in 25 ml of 
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90% acetone overnight (Dalsgaard et al. 2000).  Following extraction, samples were 
centrifuged and 2 ml aliquots were analyzed for chl a and pheophytin fluorescence 
(Trilogy Fluorometer, Turner Designs).   
Samples for BSi were also collected using 1 cm subcores with the top 0.5 cm 
frozen (-4C) until analysis.  BSi analysis was done using the wet alkaline method, which 
involves digesting approximately 30 mg of dry sediment in 1% Na2CO3 solution at 85C 
for five hours (Conley and Schelske, 2001).  During digestion, subsamples of the solute 
were taken at after 3, 4, and 5 h.  These subsamples were then colorimetrically analyzed 
on a SEAL Auto-analyzer, and BSi concentration was determined by linear extrapolation 
to the y intercept through the three sample points in order to correct for any dissolution of 
mineral silicates (DeMaster 1981).   
 Sediment samples for extracellular carbohydrates (EPS) were collected using a 
Cryolander  (modified from (Wiltshire et al. 1997). This collection method flash freezes 
the sediment surface (in this case to a depth of approximately 0.5 cm) using liquid 
nitrogen without distorting the sediment surface.  Frozen samples were sliced in half and 
stored as replicates at -80C until analysis.  Frozen samples were then analyzed for 2 
separate extracellular carbohydrate fractions, a water-extractable or colloidal fraction, 
and an ethylenediaminetetraacetic acid (EDTA)-extractable fraction.  Frozen sediments 
were extracted in Milli-Q water and 0.1M Na2EDTA for colloidal and EDTA-extractable 
fractions, respectively, as described by (de Brouwer et al. 2000).  The colloidal fraction 
was extracted by adding 5-55 mg of frozen sediment sample to 400 L of Milli-Q water, 
which was then extracted in a 30C water bath for 1 h.  After extraction samples were 
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centrifuged at 6000 x g for 5 min and the supernatant was analyzed for colloidal EPS.  
The EDTA-extractable fraction was then extracted from the remaining sediment pellet by 
adding 500 L of 0.1M Na2EDTA, and allowing samples to incubate at room temperature 
overnight.  After extraction, samples were centrifuged again, and the supernatant was 
analyzed for EDTA-extractable EPS.  Carbohydrate quantities were determined using the 
phenol-sulfuric acid assay (Dubois et al 1956) quantified spectrophotometrically 
(CaryBIO 100) using a glucose (0-2mM) external standard.  Quantities of both fractions 
are therefore reported in glucose equivalents (g g-1).  
Statistics  
 All statistical analyses for this study were carried out in JMP (SAS Institute Inc.). 
T tests were used to test for significant differences between individual parameters, while 
one-way analysis of variance (ANOVA) was used to test for differences between multiple 
factors in a series.  Additionally, we used Tukey tests to test the difference between 
means with in a series and linear regression analysis to test the significance of linear 
relationships between variables.  In all cases = 0.05 and error is reported as standard 
error.  
Results 
Initial vs. Final Benthic Gas Fluxes 
 Net sediment oxygen demand (SOD) in all 24 cores (initial and final incubations) 
ranged from 122.5 to 481.3 mol m-2 h-1.  However, SOD was significantly higher in the 
cores from the initial incubation (September 12) compared to the final incubation 14 days 
later (September 26, p= 0.0154, Fig. 2a) with average values of 331.0  23 and 229.2  
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68 mol m-2 h-1, respectively.  Net N2 fluxes of individual cores ranged from net N 
fixation of -16.9 to net denitrification of 30.1 mol m-2 h-1.  However, on average the 
initial cores exhibited net denitrification (14  3.5 mol m-2 h-1) while the final cores 
exhibited net N fixation (-3.0  6.5 mol m-2 h-1).  This represents a significant difference 
between net N2 fluxes in the initial and final incubations (p< 0.0001).  Rates of net 
denitrification (excluding incidences of net N fixation) were also significantly higher in 
the initial cores (p=0.0265) with rates averaging 11.3  2 mol m-2 h-1 in the initial cores 
and 2.2  0.9 mol m-2 h-1 in the final cores.   
Initial vs. Final Benthic Inorganic Nutrient Fluxes 
 Water column concentrations of all dissolved nutrients  (NH4
+
, NO2
-
, and
 
PO4
3-
), 
except NO3
-
, were significantly higher in the initial cores compared to the final 
(p<0.0001), while NO3
-
 concentrations were unchanged (Table 2).  As a result water 
column N:P was also significantly higher in the initial cores (p<0.0001, Table 2). We 
observed net ammonium efflux in 21 of the 24 cores measured, and net ammonium 
uptake in only one core.  Net NH4
+
 fluxes ranged from -20.5 to 64.8 mol m-2 h-1 and 
there was no significant difference between initial and final incubations (Fig. 2c). 
Additionally, ammonium fluxes were significantly correlated with both initial nitrate and 
ammonium concentrations in the initial cores.  NH4
+
 flux showed a significant, positive 
relationship with initial nitrate concentration in the initial incubation (y= 11.1x -44, 
R
2
=0.46, Fig. 3a) and was also significantly correlated with initial ammonium 
concentration in the initial cores only (y= -1.1x +39.6, R
2
=0.49, Fig. 3b).  Eighteen of the 
twenty-four total cores exhibited nitrate uptake, and rates were not significantly different 
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Figure 5. Mean sediment oxygen demand 
(a), and net sediment fluxes of N2 (b), 
ammonium (c), nitrate (d), nitrite (e), 
phosphate (f), and dissolved silicate (g) from 
initial and final sediment cores averaged 
over the control (open bars) and fertilized 
(shared bars) transects (n=6).  Fluxes shown 
are net fluxes (dark flux + light flux) and 
error bars are  1 standard error.  
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between sample dates (Fig. 2d).  Net NO3
- 
fluxes ranged from -17.5 to 7.4 mol m-2 h-1 
with a mean of  -2.8  0.9 mol m-2 h-1. Nitrite fluxes had a large range of -27.3 to 1.8 
mol m-2 h-1.  The initial cores exhibited significantly more net NO2
-
 uptake (p=0.0345, 
Fig. 2e) with an average of  -4.2  2.3 mol m-2 h-1 compared to 0.2  0.8 mol m-2 h-1 in 
the final cores. There was also no significant difference between initial and final 
phosphate flux (Fig. 2f), which ranged from uptake (-3.3 mol m-2 h-1) to small efflux 
(0.9 mol m-2 h-1) with a mean net flux of -0.5  0.2 mol m-2 h-1. Finally, the sediments 
took up dissolved silicate (DSi) during the initial incubation at an average net rate of -
23.9  13 mol m-2 h-1, but released DSi at an average rate of 8.2  20 mol m-2 h-1 in the 
final incubation; however, this difference was not significant (Fig. 2g).  
Spatial Variability in Light and Dark Benthic Gas Fluxes 
 SOD was spatially consistent and showed no significant difference between light 
and dark incubations (Fig. 4a).  N2 fluxes were spatially variable with the highest rates of 
net denitrification occurring in the subplots 5.5 meters from the marsh scarp and the 
highest rates of net N fixation in the subplots 7.5 meters from the scarp (Fig. 4b).  N2 flux 
rates were slightly more variable in the dark with a standard deviation of 13.6 compared 
to 10.0 in the light.  They were also higher in the light incubation (p=0.0045) with 
sediments exhibiting net N fixation for the most part in the dark (-3.6  2.8 mol m-2 h-1) 
and net denitrification in the light (9.4  2.4 mol m-2 h-1, Fig. 4b).  Additionally, there 
were seven incidences of N fixation in the light incubations (two in the initial and five in  
  
 
 
 
 
 
 
 
 
 
 
Table 5. Average, initial water column inorganic nitrogen and phosphorus values and ratios in the initial  
and final core incubations.  Error signifies ± one standard error. 
 
Date Incubation Initial [NH4
+
] Initial [NO3
-
] Initial [NO2
-
] Initial [PO4
3-
] Initial N:P 
9/12 Initial 29.0 ± 2.7 4.58 ± 0.3 4.59 ± 0.3 1.03 ± 0.1 38.3 ± 2.1 
9/26 Final 18.7 ± 1.4 4.93 ± 0.2 0.58 ± 0.02 1.31 ± 0.1 19.4 ± 1.4 
  
4
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Figure 6. Relationships between a) ammonium flux and initial water column 
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2
= 0.49).  Black circles denote dark fluxes 
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may have been artifacts of the method (Eyre & Ferguson 2002, Eyre et al. 2002) 
Spatial Variability in Light and Dark Benthic Inorganic Nutrient Fluxes 
 Ammonium fluxes were relatively consistent spatially with significantly larger 
efflux in the dark (p= 0.0064) and generally NH4
+ 
uptake in the light (Fig. 4c).  However, 
in the subplots closest to the tide line (furthest from the marsh), ammonium efflux rates in 
the light and dark were nearly equal (Fig. 4c).  The sediments took up both nitrate and 
nitrite at varying rates along the transects (Fig. 4d,e).  However, nitrate was released in 
the light from the subplots 6.5 m from the marsh and nitrite was released from the plots 
6.5 and 7.5 m from the scarp (Fig. 4d,e). Phosphate fluxes were small, generally showing 
uptake in the light and near-zero fluxes in the dark. These differences between light and 
dark were not significant (Fig. 4f). However, in the initial incubation, the sediments did 
release significantly more PO4
3-
 in the dark compared to the light (p=0.0021). DSi fluxes 
were quite variable, though generally the magnitude of fluxes in both light and dark 
increased with distance from the marsh, with very high rates of DSi uptake in the dark in 
particular in the plot closest to the water (9.5 m from the scarp, Fig. 4g).  In the initial 
incubation, there were significantly higher rates of DSi uptake in the dark compared to 
the light (p= 0.0486), but in the final incubation, the opposite was true and the sediments 
released significantly more DSi in the dark (p= 0.032).        
Sediment Characteristics 
 Average sediment chl a content for all samples was 1.9  0.1 g cm-3.  Chl a 
concentrations were significantly higher in the fertilized compared to the control transect 
(p=0.0053) and increased linearly with distance from the edge of the marsh in both  
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between fertilized and control transects overall and no clear spatial pattern (Fig. 5b).  BSi 
concentrations in all subplots ranged from 13.4 to 41.1 µmol g
-1
 with a mean value of 
24.7  1.2 µmol g-1.  Both types of sediment EPS also showed no significant difference 
between fertilized and control transects and exhibited spatial heterogeneity with 
significantly less water-soluble EPS closest to the marsh scarp (p= 0.019, Fig. 4c,d).  
However, the concentrations of the EDTA extractable carbohydrate fractions were 
significantly higher on all occasions than the water-soluble fraction (p<0.0001) with 
mean values of 449.6  45 µg g-1 and 179.5  27 µg g-1, respectively.  Additionally, there 
was a moderately significant relationship between chl a and water-soluble EPS in the 
control plot (y= 537x -669, R2= 0.99, p=0.05).   
Discussion 
Nutrient Addition 
Despite daily fertilization of the tidal flat surface we observed no significant difference in 
dissolved oxygen, N2, or inorganic nutrient fluxes between the control and fertilized 
transects (Fig.1).  This lack of treatment difference could be due to a variety of reasons 
including, a non-responsive MPB community, or an in-effective fertilization treatment 
(either application or fertilization level).  It is well documented that both N transforming 
bacteria and MPB respond to N addition (Graneli & Sundback 1985, Seitzinger & Nixon 
1985, Piehler et al. 2010, Vieillard & Fulweiler 2012, and many others).  Permitting 
limited us to using the same NO3
-
 concentration on our plots as a nearby, long-term 
nutrient addition project (70 µM, TIDE, (Deegan et al. 2007). 70 uM is 165% higher than 
observed Rowley River concentrations and thus could potentially provide a significant 
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treatment effect. However, the TIDE project is a large scale nutrient manipulation study, 
which adds NO3
- 
directly to salt marsh tidal creek water on every incoming tide through 
out the growing season influencing approximately 0.2 km
-2
 of salt marsh annually 
(Deegan et al. 2007, Drake et al. 2009).  The nutrient addition in our study was on a much 
smaller scale.  Additionally, because we were working on a tidal flat system, we fertilized 
the sediment surface directly and were therefore only able to add a small amount each 
day (~5.5 L d
-1
) to avoid eroding the fine flocculent layer on the surface of the tidal flat 
sediment.  This also resulted in a much shorter treatment time.  Where the N addition in 
this study soaked into the sediment surface for ~2 h before the tide came in again, the 
tidal creek sediments in the TIDE fertilization received treatment whenever they were 
inundated (~ 16 h d
-1
).  For these reasons, the 70 µM concentration of fertilizer was likely 
not sufficient to stimulate a significant response in most processes.   
The one parameter that did show a significant increase with fertilization was 
chlorophyll a (Fig. 3a).  This is not surprising as the fertilizer was essentially applied 
directly to MPB biomass, so that, despite its short treatment time, it was readily available 
to the MPB community.  Because this increase in chl a did not coincide with an increase 
in biogenic silica, it is likely that the fertilization of the tidal flat surface stimulated non-
diatom algal growth.  As we added only N and not Si it is possible that the benthic 
diatoms, which require Si in a 1:1 molar ratio with N, were outcompeted by non-silica 
requiring species in the fertilized transect (Egge & Aksnes 1992).  This is also consistent 
with the lack of EPS response.  Though some bacteria have been shown to produce EPS 
(Bhaskar et al. 2005), benthic diatoms are considered to be the major contributor of EPS 
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in sediments (de Brouwer & Stal 2002), therefore an increase in non-diatom algal 
production would likely not cause a marked increase in EPS production.    
Net N2 Fluxes 
Our mean net N2 flux falls within the range of those measured in a natural mudflat 
in the United Kingdom (Koch et al. 1992).  However, our values were generally lower 
than fluxes reported by previous studies (Table 2).  This is likely due to the fact that the 
N2/Ar method measures net N2 fluxes, or the balance between denitrification and N 
fixation while the most commonly used methods in previous intertidal studies (Acetylene 
block, and Isotope Pairing) are measurements of denitrification only (Groffman et al. 
2006).   
The fact that denitrification was dominant under light conditions was likely an 
indirect result of photosynthesis by microphytobenthos.  In the light, photosynthesis can 
provide increased oxygen to sediments fueling higher rates of nitrification, and therefore 
coupled nitrification-denitrification.  However, we found no significant correlation 
between N2 flux and SOD, water column NO3
-  
concentrations,  or NO3
-
 flux. This 
suggests that both coupled and direct denitrification are likely occurring, and that no one 
process is driving the observed denitrification signal in these sediments.  This has been 
seen previously in salt marsh and tidal creek sediments (Hamersley & Howes 2005, 
Koop-Jakobsen & Giblin 2010, Vieillard & Fulweiler 2012).  Regardless of the nitrate 
source, denitrification efficiency can be calculated as (N2-N/(DIN+N2-N))100% (Eyre 
& Ferguson 2002).   We found denitrification efficiency to be highly variable ranging 
from 0 to 895% with an average of approximately 80%. Thus, it appears that these tidal 
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flat sediments are effective N filters, as over three quarters of the total inorganic nitrogen 
released during sediment organic matter decomposition is released as N2.  Finally, N 
fixation generally dominated in the dark incubations.  We hypothesize that, in the dark, 
oxygen concentrations decrease and rates of nitrification slow.  This, in turn slows rates 
of coupled denitrification to slow, allowing the N2 signal to be dominated by N fixation, 
as has been seen previously (Gotto et al. 1981, Stal 1995, Cook et al. 2004).  
Inorganic Nutrient Fluxes 
 The general pattern of NH4
+
 and uptake in the light and NH4
+
 release in the dark 
cores is consistent with the photosynthetic demand of MPB for nutrients and N 
regeneration in the dark (Longphuirt et al. 2009).  This is especially true of the initial 
cores, when initial, water column NH4
+ 
was higher, and we clearly see ammonium uptake 
under light conditions and efflux in the dark (Fig. 3b).  However, the relationship 
between water column NO3
-
 concentrations and NH4
+ 
suggest that DNRA is also, at least 
partially responsible for the efflux of ammonium.  As DNRA reduces NO3
+ 
to NH4
+
, we 
would expect to see increasing NH4
+ 
flux with increasing nitrate availability as we 
observed in the initial incubation (Fig. 3a).  However, likely due to high levels of internal 
DIN cycling, rates of NO3
-
 uptake in these sediment are almost always lower than rates of 
net denitrification, making stoichiometric estimations of DNRA rates unsuitable for this 
system.    
Nitrite fluxes were quite variable, but were nearly always uptake and were large, 
at times larger than the nitrate fluxes, which is unusual for coastal sediments (Gardner & 
McCarthy 2009, Chen et al. 2010).  The sediments also exhibited nitrate uptake on almost 
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all occasions (Fig. 2d).  The largest exception to this was the light flux 6.5 m from the 
marsh scarp, which had a net NO3
- 
flux of 1.8 ± 2.5 µmol m
-2
 h
-1
.   In fact, three out of the 
four cores measured for that site exhibited nitrate efflux.  However, the same site had net 
N2 release from the sediment at a rate of 9.4 ± 3.1 µmol m
-2
 h
-1
 and an ammonium uptake 
rate of -10.5 ± 9.6 µmol m
-2
 h
-1
. We hypothesize that these fluxes were a result of 
increased nitrification activity, which took up ammonium at a higher rate, producing an 
excess of nitrate that was not entirely removed via coupled nitrification-denitrification 
(Fig. 3).  Nitrification in intertidal sediments has been shown to be particularly variable 
and may depend on small geomorphological features in the sediment (Laima et al. 1999).  
Laima et al. (1999) reported nitrification rates as much as six fold higher in runnel (i.e., 
small channel) features compared to ridges in a French intertidal mudflat (Laima et al. 
1999).  Perhaps the sharp increase in ammonium uptake and nitrate release in this 
particular location is a result of sampling within a tidal flat runnel with elevated 
nitrification rates.  
 Some of the variation in nutrient fluxes, particularly nitrite fluxes are also likely 
explained by differences in riverine NH4
+
, NO2
-
, and PO4
3-
concentrations between the 
initial and final sampling.  There are numerous factors that control riverine nutrient 
concentrations including rain events, changes in upstream runoff, and in stream 
phytoplankton bloom dynamics (Vannote et al. 1980).  Day to day variations in any one 
of these factors could cause the changes in nutrient concentrations we observed between 
incubations.  Though there were rain events during the course of our study, they were 
small, the largest accumulating 6 mm, and are therefore likely not the drivers of the 
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change in riverine nutrient concentration. However, these differences in concentration are 
likely the drivers of differences between initial and final fluxes, particularly in the case of 
nitrite (Table 1, Fig. 1e).     
 Influence of Microphytobenthos 
 The fact that the EDTA extractable fraction of sediment EPS is constantly higher 
(often more than double) that of the water-soluble fraction is typical for tidal flat 
environments (de Brouwer et al. 2003).  The EDTA extractable fraction is generally 
representative of carbohydrates excreted during vertical migration by diatoms within the 
sediment, and the water-soluble fraction is generally produced at the sediment surface 
and is washed away with each incoming tide (Stal & de Brouwer 2003).  The 
heterogeneity of EPS and BSi dispersal throughout the sediment are consistent with the 
patchy nature of benthic diatom growth (Underwood & Paterson 1993, de Brouwer et al. 
2003).  Diatom activity was also apparent in the benthic dissolved silicate (DSi) fluxes.  
Like EPS and BSi concentrations, DSi fluxes were very spatially variable.  However, in 
the final incubation, there was significantly more DSi released from sediments in the 
dark, indicative of diatomaceous respiration and decomposition.  While significantly 
more DSi was taken up in the dark in the initial incubation. This behavior is less 
common, but is known as luxury uptake, and has been previously demonstrated in the 
dark by diatoms in estuarine environments (Smayda & Mitchell.B 1974, Martin-Jezequel 
et al. 2000, Jiang 2009, Veuger & van Oevelen 2011). Uptake of silica independent of 
photosynthesis is possible because Si is an essential structural nutrient for diatoms 
(Hecky et al. 1973).  As a result, the uptake of Si is more closely related to the cell cycle 
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and cell division than to photosynthesis and this therefore not wholly dependent on light 
availability (Martin-Jezequel et al. 2000).  
 Despite these indicators of diatom activity, we only observed a relationship 
between water-soluble EPS and chl a content in the control transect and not in the 
fertilized transect.   This relationship has been seen in previous studies and is indicative 
of a diatom-dominated MPB assemblage (Underwood & Smith 1998, Blanchard et al. 
2000, Kelly et al. 2001, de Brouwer et al. 2003).  The lack of relationship between EPS 
and chl a in the fertilized transect may, again, be a result of N fertilization stimulating 
non-diatom MPB growth on the sediment, which would change the chl a concentration, 
but likely not the EPS concentration.  Alternatively, various forms of bacteria have also 
been shown to produce EPS (Underwood & Smith 1998), which might alter sediment 
EPS concentrations without effecting chl a content.   
 These MPB are likely influencing sediment inorganic nutrient fluxes in two major 
ways: first by directly competing with N cycle bacteria such as nitrifiers and denitrifiers 
for nutrients (Sundback et al. 2000, Risgaard-Petersen 2003), and second by acting as a 
physical and chemical nutrient regulator via the microbial mat (Decho 1990, Sigmon & 
Cahoon 1997).  Though both of these mechanisms are well documented, their effects can 
be difficult to tease apart in natural systems.  This is partially because MPB are known to 
vary not only in their spatial distribution throughout the sediment, but also in their DIN 
demand, which can fluctuate with tidal cycles, diatom migration, and DIN availability 
within the sediment (Longphuirt et al. 2009).  Additionally, in autotrophic conditions, the 
fluxes of inorganic nutrients from sediments through MPB mats can become highly 
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decoupled, making conventional stoichiometric assumptions about sediment N cycle 
processes difficult or impossible (Cook et al. 2009).  Furthermore, a large proportion of 
these fluxes pass through organic pools, experiencing internal DON cycling (Cook et al. 
2009).  
 There is often a tight benthic pelagic coupling in estuarine ecosystems, where 
organic matter from water column primary production fuels benthic decomposition and 
nutrient regeneration, which, in turn supplies inorganic nutrients for pelagic 
phytoplankton (Aller & Benninger 1981, Callender & Hammond 1982).  To evaluate the 
degree of benthic pelagic coupling in our tidal flat system, we calculated the percentage 
of estuarine primary production that tidal flat nutrient regeneration could potentially 
support.  Using an average ammonium efflux of 14.82 mol m-2 h-1, assuming Redfield 
stoichiometry (106:16 C:N), and a Plum Island Sound primary production rate of 104 to 
1,095 g C m
-2
 y
-1
 we calculated that the ammonium release from the tidal flat could only 
support 1 to 3% of estuarine primary production.  This is a very low percentage compared 
to that found in other systems (Hopkinson et al. 1999), suggesting that this system is 
more important as a N filter than as a supplier or N to water column phytoplankton 
production.   
 To evaluate the relevance of this tidal flat as an N filter, we calculate a summer N 
removal value from our average net N2 flux of 5.7  2.6 mol m
-2
 h
-1
 of 12.3 kmol m
-2
.  
Multiplying this over the 7 km
2
 of tidal flat area in the Plum Island Ecosystem LTER we 
get a net N removal of 8.6 x10
7
 kmol N during the summer.  Though this is two orders of 
magnitude lower than the summer N removal rates from Plum Island salt marsh tidal 
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creeks (Vieillard & Fulweiler 2012), and nearby estuarine sediments (Nowicki 1994), this 
still represents considerable N removal from the system, and therefore an important 
ecosystem service provided by these tidal flat sediments.  
Conclusions 
Tidal flats are an important, yet relatively understudied component of the 
estuarine ecosystem.  This study has demonstrated that there is a high degree of spatial 
variability in the benthic fluxes of these ecosystems.  However, we found that N addition 
seemed to stimulate non-diatom algal growth. Additionally, we found that 
microphytobethos activity appeared to stimulate coupled nitrification-denitrification 
under light conditions, while N fixation dominated in the dark. We found additional 
evidence that DNRA may also be an important component of the N cycle process in these 
sediments.  Overall the tidal flat had a high denitrification efficiency and is therefore an 
important nitrogen sink.   
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CHAPTER 3 
TIDAL PULSING ALTERS NITROUS OXIDE EMISSIONS IN A TEMPERATE 
INTERTIDAL MUDFLAT  
 
A. M. Vieillard 
Abstract 
 Environmental pulses are often important drivers of resource availability in many 
ecosystems.  In this study, we investigated the effect of external tidal pulsing on the 
fluxes of nitrous oxide (N2O), a powerful greenhouse gas, from a marine intertidal 
mudflat.  We found these tidal flat sediments to be a sink of N2O at low tide with an 
average uptake of -6.7  2 mol m-2 h-1. Further this N2O sink increased the longer 
sediments were exposed.  Field measurements in conjunction with laboratory nutrient 
additions reveal that the N2O flux appears to be driven primarily by denitrification in 
these sediments.  N2O uptake was most responsive to the addition of DIN+DIP indicating 
that denitrification may be phosphorus limited.  However, it appears to be dissimilatory 
nitrate reduction to ammonium (DNRA), not denitrification that releases N2O at the 
highest levels of nitrate fertilization.  Our findings indicate that tidal flats are important 
sinks of N2O potentially capable of offsetting the release of this potent greenhouse gas by 
other, nearby ecosystems.   
Introduction 
Pulses in ecosystems can be both internal (e.g. predator-prey or herbivore cycles) 
and external (e.g. tides, hurricanes, floods, Odum et al. 1995). At a fundamental level 
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these pulses determine resource availability (e.g., water, nutrients, carbon, oxygen) and 
thus ecosystem structure and function (Junk et al. 1989, Odum et al. 1995, Kessavalou et 
al. 1998, and many others).  In both terrestrial and aquatic systems climate and/or 
environmental conditions are commonly the most important drivers of resource pulses 
(Nowlin et al. 2008). In turn, these pulsed events help to explain numerous ecosystem 
level dynamics from internal productivity and accretion dynamics in wetlands (Odum et 
al. 1995, Hensel et al. 1999), to sediment transport and nutrient cycling in estuarine and 
deep sea ecosystems (Karl 2002, Davis et al. 2004).  In many cases, pulsed events have 
been shown to have long lasting consequences for the ecosystem in which they occurred.  
For instance, in desert grasses, Huxman et al. (2004) measured increased carbon 
accumulation for up to 15 days after a pulsed rain event (Huxman et al. 2004).  
Additionally, Davis et al. (2004) found that two storm events delivered 60-65% of annual 
river N and P export to northeast Florida Bay (Davis et al. 2004).  
Tidal flat and other intertidal sediments experience daily, pulsed events with the 
tidal cycle. This external pulsing, the ebbing and flooding of the tide, is a major driver 
regulating the availability of resources within these sediments.  These pulsed tidal 
dynamics in intertidal ecosystems can therefore lead to rapid changes in sediment nutrient 
and gas availability.  For instance, the incoming tide may replenish porewater nutrients, 
while the ebbing tide leaves sediments exposed to the atmosphere, and may increase 
sediment oxygen penetration.  These kinds of rapid changes in resource availability likely 
play a significant role in the way in which tidal flat ecosystems process nutrients, and 
exchange atmospheric greenhouse gases.    
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Many studies have focused on the impact of pulsed events on greenhouse gas 
emissions from terrestrial soils (e.g. Scholes et al. 1997, Harper et al. 2005, Kim et al. 
2012).  Both laboratory and field studies have shown that pulsed wetting events, such as 
rapid rainfall following draught, in particular lead to a significant increase in the 
production of various greenhouse gases including carbon dioxide (Kessavalou et al. 1998, 
Fierer & Schimel 2003, Harper et al. 2005, Kim et al. 2010), and nitrous oxide (N2O, 
Scholes et al. 1997, Martin et al. 2003, Butterbach-Bahl et al. 2004, Kim et al. 2010).  
Spruce stands exposed to draught and rewetting treatments saw a 51% increase in annual 
CO2 flux compared to control plots (Borken et al. 1999), and Sponseller (2007) observed 
a 30x increase in CO2 flux following a single experimental wetting pulse in the Sonoran 
Desert (Sponseller 2007).  N2O has shown even more remarkable responses to rewetting, 
exhibiting 450 to over 9,700% increase in N2O flux rate in field studies, and as much as 
80,000% increase in laboratory manipulations (Kim et al. 2012).  Additionally, Nombre 
et al. (2001) found that one moderate rain event could account for 15-90% of the total 
weekly production of N2O in tropical soils (Nobre et al. 2001).  These findings indicate 
that pulsed wetting events in terrestrial soils can lead to episodic production of 
greenhouse gases that influence the net fluxes of the ecosystem far beyond the duration of 
the event.   
Understanding greenhouse gas emissions from a range of ecosystems is important 
because of the significant impact these gasses have on global climate (e.g. IPCC 2007).  
N2O is a powerful, long-lived, greenhouse gas with a global warming potential nearly 
300 times that of carbon dioxide, and an atmospheric residence time of approximately 
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114 years (IPCC 2007).  In addition to its potency as a greenhouse gas, N2O is the most 
abundant ozone depleting substance in the stratosphere (IPCC 2007).  Direct human 
activities including agricultural practices and fossil fuel combustion are responsible for 
more than one third of all N2O emissions to the atmosphere, (IPCC 2007).  However, 
human activities may also be indirectly impacting N2O emissions through nitrogen 
loading to aquatic systems (Seitzinger et al. 2000, Kroeze et al. 2005). 
Whether an ecosystem is a N2O source or sink ultimately depends on the balance 
of microbial N2O production and consumption.  Fluxes of N2O are primarily mediated by 
three nitrogen cycling processes: nitrification, dissimilatory nitrate reduction to 
ammonium (DNRA), and denitrification.  Nitrification is a two-step, chemoautrophic, 
microbial process where ammonium  (NH4
+
) is oxidized to nitrite (NO2
-
), which is 
subsequently oxidized to nitrate (NO3
-
). The first nitrification step is carried out by 
ammonia oxidizing bacteria (AOB) and archaea (AOA) in water columns (e.g. Ward et 
al. 1982, Agogue et al. 2008) and surface sediments (e.g. Beman & Francis 2006). Both 
AOB and AOA produce N2O as a byproduct (e.g. Frame & Casciotti 2010, Santoro et al. 
2011, respectively).  DNRA is a microbially mediated pathway that reduces NO3
-
 to 
NH4
+
 via NO2
-
 through either fermentation or, more commonly, sulfur oxidation (Brunet 
& GarciaGil 1996, An & Gardner 2002, Burgin & Hamilton 2007).  Like nitrification, 
DNRA can produce N2O as a byproduct (de Wilde & de Bie 2000).  In contrast, 
denitrification is an anaerobic, heterotrophic process in which organic carbon is oxidized 
via the reduction of NO3
-
 to di-nitrogen (N2) gas (Burgin & Hamilton 2007).  In this 
multi-step pathway N2O can be produced as an intermediary.  The primary controls on 
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whether the end product of denitrification is N2 or N2O include oxygen concentration 
(Betlach & Tiedje 1981, Jorgensen et al. 1984), the presence of hydrogen sulfide 
(Sorensen et al. 1980), NO3
-
 concentration (King & Nedwell 1987), and organic matter 
quality and quantity (King & Nedwell 1987).  Alternatively, when nitrate concentrations 
are very low, denitrifying bacteria may use N2O as a terminal electron acceptor, reducing 
it to N2 (Miller et al. 1986). Thus denitrification can either produce or consume N2O 
depending on environmental conditions (Culbertson et al. 1981, Kieskamp et al. 1991). 
The balance of nitrification, DNRA, and denitrification determine whether a system acts 
as a net source or sink of N2O to the atmosphere.   
Aquatic ecosystems, in general, are considered to be sources of N2O to the 
environment (Seitzinger et al. 2000).  Coastal marine systems, in particular, have been 
found to account for anywhere between 7 to 61% of the total global oceanic emission of 
this potent greenhouse gas (Bange et al. 1996, Nevison et al. 2004, Kroeze et al. 2005).  
Due to their proximity to human population, these ecosystems are especially susceptible 
to anthropogenic perturbations including rising sea level (IPCC 2007) and increased 
nutrient loads (Nixon et al. 1995, Kroeze et al. 2005).  Increasing nitrogen (N) loads are 
especially critical regarding N2O dynamics in coastal systems, as it has been 
demonstrated that increases in N load have the potential to increase N2O emissions from 
coastal sediments (Seitzinger & Nixon 1985, Moseman-Valtierra et al. 2011). As a result, 
continued increases in coastal N loading globally put coastal marine systems at risk for 
becoming larger sources of N2O (Kroeze et al. 2005). 
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The N2O dynamics in some coastal marine ecosystems are much better 
constrained than in others.  Estuarine N2O fluxes, for example have been well studied 
(e.g. Seitzinger & Nixon 1985, Binnerup et al. 1992, Bange et al. 1996, Robinson et al. 
1998, de Wilde & de Bie 2000, Dong et al. 2002, LaMontagne et al. 2003). Though the 
magnitude of estuarine N2O fluxes vary seasonally and with salinity, estuaries, in general, 
have been shown to be sources of N2O to the atmosphere (e.g. Binnerup et al. 1992, de 
Wilde & de Bie 2000).  However, incidences of sediment N2O uptake have been reported 
(Dong et al. 2002, LaMontagne et al. 2003, Foster 2012).  Comparatively, N2O dynamics 
in other coastal marine ecosystems such and salt marshes (e.g. Lindau & DeLaune 1991, 
Wang et al. 2007, Moseman-Valtierra et al. 2011, Ford et al. 2012) and tidal flats (e.g. 
Kieskamp et al. 1991, Middelburg et al. 1995, Wang et al. 2007, Adams et al. 2012) are 
not as well studied.  Additionally, the data are more variable and there is less agreement 
among studies as to whether these systems act as sources or sinks of N2O.  For instance, 
Wang et al. (2007) found the tidal flats fringing the Yangtze Estuary to be a sink of N2O 
in the summer (Wang et al. 2007), while Adams et al. (2012) found tidal mudflats in the 
Blackwater River Estuary, UK to be sources of N2O on an annual basis (Adams et al. 
2012).  Overall intertidal N2O fluxes have often been found to be comparable in 
magnitude to those in nearby estuaries or saltmarshes, making their N2O dynamics 
worthy of further study.   
Though measurements of N2O fluxes from intertidal sediments have been made 
previously (e.g. Miller et al. 1986, Kieskamp et al. 1991, Middelburg et al. 1995, Wang et 
al. 2007, Adams et al. 2012) their results are inconsistent, and the effect of tidal pulsing 
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on N2O dynamics has not, to our knowledge been addressed.  However, previous work 
has shown that tidal flats can be both sources and sinks of N2O on the same order of 
magnitude as some salt marsh ecosystems (Wang et al. 2007, Adams et al. 2012), and 
N2O fluxes from tidal flats have been found to be comparable and, in some cases, at even 
higher rates than some estuarine fluxes (e.g. Seitzinger & Nixon 1985, LaMontagne et al. 
2003).  Therefore, better constraining N2O fluxes in these systems, and understanding the 
response of N2O to the pulsed nutrient dynamics of the intertidal environment is crucial 
to our understanding of coastal marine N2O fluxes and to predicting how they might 
behave with further human alteration. The purpose of this study was to examine the 
effects of tidal pulsing, specifically tidal exposure of sediments to the atmosphere, on 
tidal flat N2O fluxes.  We hypothesized that changes in both sediment nutrient and 
oxygen availability during low tide would have a significant impact on nitrogen cycle 
processes, and therefore N2O dynamics in these ecosystems.   
Methods 
Study Site 
We collected sediment cores for this study from an intertidal mud flat along the 
northwest bank of the Rowley River in Rowley, Massachusetts, USA, part of the Plum 
Island Ecosystem Long Term Ecological Research site (4243N, 7051W, 
http://ecosystems.mbl.edu/pie/dite.html).  The Rowley, which empties into Plum Island 
Sound estuary, drains a small watershed of approximately 17.2 km
2
, has semi-diurnal 
tides with a mean tidal range of ~ 3 m, and a tidal excursion of 3-6 km (Tobias et al. 
2003).  Additionally, the river is brackish in this area with riverine salinity ranging from 
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13 to 29 ppt with (average ~17 ppt) and average ammonium and nitrate concentrations of 
18.3 ± 7.6 and 6.7 ± 0.7 μM, respectively.  These mudflat sediments also support a 
relatively extensive benthic diatom-dominated microalgal community (average biomass ~ 
800 mg C m
-2
 in nearby tidal creeks, Pascal et al. 2013). 
Sediment Cores 
We hand collected sediment cores (acrylic, 5.8 cm diameter x 22 cm tall) directly 
from the tidal flat, to a depth of ~ 17 cm at low tide.  Cores were collected along a 
transect parallel to the tide line on three sample dates during the summer of 2012: July 
31, August 8, and August 14.  On all three dates, the first core along the transect was 
taken while the sediment was still inundated. We then collected subsequent cores 
approximately every twenty minutes throughout low tide with the last core, again, 
inundated with river water.  In this way we could examine how sediment N2O fluxes 
changed with exposure to air, and dissolved nutrient deprivation. We then profiled each 
core (~12 from each date) for O2 and N2O on site within approximately 10 minutes of 
collection.  
Additionally, we collected a set of twenty cores in September 2012 for laboratory 
nutrient manipulations.   Similar to the sampling methods described above, these cores 
were collected along a transect adjacent to those from the previous sample dates. 
However, in this case we collected all twenty cores at approximately the same time at low 
tide.  Immediately after collection, cores were covered and placed into a cool, dark box 
for transport back an environmental chamber at Boston University (~1 hour in transit) for 
nutrient manipulation and measurements. On all occasions (July-September) concurrent 
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measurements of water column salinity (Hach HQ 40d), sediment temperature, and water 
content (Decagon Devices ProCheck meter) were taken with each core extraction.   
Microprofiling Measurement of O2 and N2O 
We used a microprofiling system with oxygen and nitrous oxide microsensors 
(Unisense, DK) to make high-resolution profiling measurements of O2 and N2O within 
the tidal flat sediment cores.  Standard, 100 m O2 and N2O microsensors were used 
(Revsbech 1989, Andersen et al. 2001) to profile down to 0.5 cm in depth at 200-500 m 
increments, ensuring that the sensors stayed within the oxidized sediment to avoid any 
interference with sulfide (Revsbech 1989, Andersen et al. 2001).  On the July and August 
sampling dates, we set up the microprofiling system in the field so that cores could be 
profiled within ~10 minutes of collection, maintaining field conditions.  However, for the 
nutrient manipulations, profile measurements were made in the laboratory in order to 
measure treatment effects of the nutrient additions under constant conditions. On all 
sampling dates, after the profiling measurements were completed, sub cores were taken 
for sediment density and porosity analysis (Dalsgaard et al. 2000) 
Nutrient Addition 
In order to better understand the role of nutrient supply and N2O dynamics in 
these tidal flat sediments we designed a nutrient addition experiment to complement our 
field measurements.  In late September we collected twenty cores, which were brought 
back to an environmental chamber at Boston University set to in situ sediment 
temperature (17ºC).  The cores were divided into five treatment groups with four cores 
each receiving a different level of nutrient addition: either four, eight, sixteen, or thirty-
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two times ambient Rowley River concentrations. The five treatments included ambient 
(no nutrient addition), and then four nutrient addition treatments: nitrate, ammonium, 
dissolved inorganic nitrogen (DIN), and dissolved inorganic nitrogen and phosphorus 
(DIN+DIP, Table 2).    The ambient treatment group served as a control for all treatments 
and was assigned two cores, which received only filtered (0.7 m GF/F) site water as 
treatment.  The nitrate addition treatment cores received nitrate as potassium nitrate 
(KNO3), the ammonium addition treatment cores received ammonium as ammonium 
sulfate ((NH4)2SO4), the DIN treatment cores had both nitrate and ammonium, and the 
DIN+DIP treatment received nitrate, ammonium, and phosphate as monopotassium 
phosphate (KH2PO4).  For all treatments and treatment levels, nutrients were added to 
filtered site water.  
Triplicate, initial N2O and O2 profiles were taken from one core from each 
treatment group before treatment was added.  Once these initial profiles had been taken, 
we added the prescribed treatment to each of the cores and allowed it to sit for 48 hours, 
at which point each core was profiled three times in different locations for O2 and N2O.  
As in the field study, profiles were measured from 0-0.5 cm and had 500 m step size. 
The treatment water was then carefully siphoned out of the cores without disturbing the 
sediment surface, and cores were left exposed to the atmosphere for 24 hours.  After this 
exposure each core was profiled for O2 and N2O, again in triplicate, from 0-0.5 cm every 
500 m.   
  
73 
Data Analysis 
O2 and N2O fluxes were calculated by inputting profile data with sediment 
characteristics (e.g. porosity) into the model PROFILE (Berg et al. 1998).  The fluxes 
reported in this study are the gas fluxes at the sediment air or water interface, with 
positive values indicating a flux out of the sediment and negative values indicating a flux 
into the sediment.  Statistical analyses were carried out in JMP (SAS Institute Inc.).  
Correlations between variables were conducted using either linear or second order 
polynomial regressions, while tests for difference between means were conducted using 
both paired and unpaired t tests, depending on the dataset.  One outlier (-62 mol N2-N 
m
-2
 h
-1) was removed from the dataset using Dixon’s Q test, and we use a significance of 
=0.05 unless otherwise stated.   
Results 
Field Sampling 
These tidal flats are composed primarily of silt/clay sediments (Viggato 2013) 
with average dry bulk density of 1.2  0.04 and average porosity of 0.72  0.02 (n=93).  
On our July and August sampling dates, the mean sediment temperature was 24.2, 30.5, 
and 27.5 C, respectively, and sediment water content (SWC) remained saturated or 
nearly saturated throughout low tide (Table 1).  Additionally, oxygen penetration depth, 
porewater oxygen concentration, and sediment oxygen demand (SOD) 
  
 
 
 
 
Table 6. Sediment water content (SWC) and oxygen characteristics as well as sediment oxygen demand  
(SOD) and N2O flux throughout low tide. 
Core Exposure 
time (min) 
SWC 
(m
3 
m
-3
) 
O2 penetration 
(mm)  
O2 concentration 
(mol L-1) 
SOD     
  (mol m-2 h-1)  
N2O flux 
(mol m-2 h-1) 
1 0 1.01  0 1.20 63.34 1767.2 -1.72  0.8 
2 20  2.4 1.01  0 1.13  0.1 58.67  28.7 940.3  638 -2.62  0.7 
3 41  1.5 1.01  0 0.90  0.1 9.92 563.8 -2.61  1.0 
4 69  4.6 1.01  0 -- -- -- -1.69  1.4 
5 88  6.2 
0.95  
0.06 
-- 
-- -- 3.83  12.6 
6 121  19 
0.93  
0.08 
0.80 
18.82 2411.3 -4.63  4.4 
7 144  20 
0.84  
0.2 
1.10  0.1 
22.61  9.6 851.7  495 -11.16  5.6 
8 164  20 
0.89  
0.1 
0.93  0.07 
35.46  4.6 1908.2  461 -12.82  5.4 
9 185  21 1.01  0 1.20 39.62 1394.6 -3.64  1.9 
10 206  21 1.01  0 -- -- -- -22.76  1.5 
11 226  22 1.01  0 1.13  0.07 22.39  0.6 791.7  455 -13.03  5.6 
12 0 1.01  0 1.4 45.31 1745.3 -8.25  8.0 
7
4
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remained relatively constant throughout the sampling period (Table 1).  Overall, sediment 
N2O fluxes ranged from -22 to 27 mol m
-2
 h
-1
 with an average of -6.7  2 mol m-2 h-1. 
In fact, 30 of the 34 cores measured exhibited N2O uptake (Table 1). There was a 
significant relationship between average N2O flux and sediment exposure time (Fig. 1, p= 
0.0128).  Specifically, we observed significantly more N2O uptake in the last hour of low 
tide than in the first hour (p<0.05).  There was no significant relationship between the 
mean N2O fluxes of all three sampling dates and temperature or average SOD. However, 
on two of the three individual sample dates, N2O fluxes and SOD did exhibit a significant 
relationship. Specifically, on July 31 the relationship was y= -0.0008x -0.44 (R
2
= 0.35, 
p<0.05) and on August 8 the relationship shifted to y= -0.009x -0.27 (R
2
= 0.58, p<0.05).   
Nutrient Addition 
N2O fluxes from the nutrient manipulations ranged from -2.7 to 5.8 mol m
-2
 h
-1
 
with a mean of -0.37  0.2 mol m-2 h-1. As in our field observations, we observed N2O 
uptake in the experimental cores more often than release (72 out of 108 total 
measurements). Overall, N2O fluxes from the nutrient addition cores were significantly 
smaller in magnitude than those we observed in the field (p<0.01), as was SOD (p=0.01).  
Additionally, we observed significantly higher (p<0.01) N2O fluxes when cores were 
inundated with treatment than when the cores were exposed to air (Fig. 2).  However, 
among the different treatments, only the nitrate and DIN additions had significant 
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Figure 9. Average N2O flux vs. sediment exposure time with a best-fit linear 
regression (y= -0.07x + 1.4, R
2
= 0.52, p=0.0128).  The first four points (first 
hour) are significantly greater than the last four points (last hour, p=0.034). 
Error bars reflect  one standard error. 
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treatment effects.  There was no significant treatment effect on N2O fluxes in the 
ammonium addition cores, with fluxes ranging from -1.6 to 0.4 mol m-2 h-1 (Fig. 2). The 
nitrate treatment exhibited a parabolic relationship between N2O flux and nitrate 
concentration, first exhibiting N2O uptake until the 32x treatment when there was a 
switch to high rates of N2O release (y= 0.0003x
2
 -0.036x -0.0075, R
2
=0.997, p= 0.0056, 
Table 2). The DIN treatment had a linear relationship between N2O flux and DIN 
concentration (y= 0.001x -0.19, R
2
= 0.79, p=0.045, Table 2).  Additionally, the DIN 
addition showed a significant, positive relationship with N:P ratio (Fig. 3a, p= 0.035).  
The DIN+DIP addition also had a positive relationship with N:P that was moderately 
significant (Fig. 3b, p=0.07,).  However, the two treatments had the opposite impact on 
N:P.  While the increasing DIN concentrations in the DIN treatment lead to increasing 
N:P, the increasing DIP concentrations with DIN in the DIN+DIP treatment lead to 
decreasing N:P, as denoted by arrows (Fig 3).  The DIN+DIP treatment effect was 
significant in all treated cores (y= -0.083x +2.27, R
2
= 0.97, p= 0.013), but when 
compared to the control, the effect was not significant (Table 2). Finally, we measured no 
significant treatment effects after cores were exposed to air.   
Discussion 
Field Sampling 
In the field, our N2O fluxes averaged -6.7  2 mol m
-2
 h
-1
, which is within the 
range of fluxes reported by other tidal flat studies using the more common chamber flux 
method (Middelburg et al. 1995, Wang et al. 2007, Adams et al. 2012). However our 
range is greater than that reported in the tidal flat literature (Table 1). This may not be 
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surprising due to methodological differences.  The chamber flux method measures gas 
fluxes that are integrated over a larger area (generally ~0.1 m
2
, (Middelburg et al. 1995, 
Wang et al. 2007) whereas the microprofiling method models a gas flux based on a 
profile taken at only one point in the sediment.  Thus, the fluxes from the microprofiling 
method are integrated over a much smaller area and would, therefore, be expected to be 
more variable.  What was unexpected was that nearly all of the fluxes were negative, with 
significantly more uptake the longer sediments were exposed (Fig. 1).  This was 
particularly surprising as pulsed events, particularly wetting/drying dynamics, typically 
result in increased N2O efflux from terrestrial soils (Kim et al. 2012).  However, the 
external tidal pulsing we investigated is a major driver of nutrient availability within 
these tidal flat sediments.  We therefore hypothesize that the ebbing tide represents a 
period of rapid nutrient deprivation for these sediments.  
Initially, in examining the impact of pulsed tidal exposure on tidal flat N2O 
fluxes, we expected oxygen dynamics to change within the sediments throughout low 
tide.  Specifically, we predicted that, the longer sediments were exposed to the 
atmosphere, the deeper the oxic layer of the sediment would become.  In turn, this 
increase in oxygen availability would potentially increase the area available for 
nitrification, an aerobic, N2O producing process, to occur (Davidson et al. 1986), which 
would cause N2O emissions at low tide.  However, likely due to the fact that soil water 
content remained relatively constant throughout low tide, there were no significant 
changes in sediment oxygen availability with exposure time (Table 1), therefore the 
nitrifier oxygen supply was likely relatively constant over time. These relatively constant
  
 
 
 
  
 Nitrate Addition Ammonium Addition DIN Addition DIN + DIP Addition 
Treatment 
level 
[NO3
-
] 
(M) 
N:P N2O Flux 
(mol m-2 h-1) 
[NH4
+
] 
(M) 
N:P N2O Flux 
(mol m-2 h-1) 
[DIN] 
(M) 
N:P N2O Flux 
(mol m-2 h-1) 
[PO4
3-
] 
(M) 
N:P N2O Flux  
(mol m-2 h-1) 
ambient 2.97 11.1 -0.29  1.2 8.92 11.1 -0.29  1.2 11.9 11.1 -0.29  1.2 1.08 11.1 -0.29  1.2 
4x 27.6 37.6 -0.60  0.5 86.5 90.3 0.43  0.3 112.7 125.4 0.18  1.1 2.13 53.8 2.06  2.0 
8x 60.4 61.6 -1.10  0.3 158.0 167.8 -0.36  0.3 188.3 173.9 -0.11  1.2 5.98 36.1 2.06  1.6 
16x 113.4 193.6 -0.77  0.1 305.9 287.6 -0.07  0.2 448.6 440.6 0.17  0.5 11.1 37.5 1.06  0.7 
32x 227.1 227.3 5.83  3.6 607.0 583.9 0.29  1.5 738.6 870.4 0.59  0.6 40.3 20.4 -1.05  1.1 
Table 7. Nutrient treatment concentrations, dissolved inorganic nitrogen (DIN) to dissolved inorganic phosphorus (DIP)  
Ratios for each treatment, and N2O fluxes from the inundated cores for each experimental treatment and treatment level. 
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Figure 10. N2O fluxes from nutrient experimental treatments when cores were 
inundated (a) and exposed to air (b).  Fluxes for the nitrate (white bars), ammonium 
(black bars), dissolved inorganic nitrogen (DIN) grey bars), and dissolved inorganic 
nitrogen plus inorganic phosphorus (DIN+DIP)  additions (thin stripes) are all 
shown.  Capital and lower case letters denote the results of the Tukey test for the 
nitrate and DIN+DIP additions, respectively.  For all treatments, there were no 
significant differences in N2O flux with treatment level (p >0.05). All fluxes were 
compared to the same ambient treatment cores (bold stripes), and error bars signify  
one standard error. Inundated fluxes are significantly higher than exposed fluxes 
(p=0.0019).  
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Figure 11. Inundated N2O fluxes vs. N to P ratios for the DIN (a) and 
the DIN+DIP additions (b) with linear regressions shown. a: y= 
0.0009x -0.18, R
2
= 0.82, p= 0.034. b: y= 0.072x -1.5, R
2
= 0.71, p= 0.07.  
Arrows denote the direction of treatment (low to high nutrient 
addition). Error bars signify  one standard error, please note the 
different scales.   
  
82 
oxygen concentrations despite increased exposure to the atmosphere are likely a result of 
soil water content (SWC).  Like oxygen penetration, SWC was nearly constant 
throughout low tide and always at or very near saturation (Table 1).  Suggesting that, 
though the sediments were exposed to air, their pore space remained saturated with water. 
This indicates that the N2O flux at low tide was not driven by changes in oxygen supply 
to nitrifiers, as we originally suspected (Table 1, Fig. 1).       
Further, all of the processes which produce N2O rely on dissolved inorganic 
nitrogen supply to the sediment, therefore if DIN concentrations were depleted, the rates 
of these processes would slow, as would N2O production (Burgin & Hamilton 2007).  
However, denitrification can adapt to this kind of environment by taking up N2O and 
using it as a terminal electron acceptor when NO3
-
 is scarce (Miller et al. 1986).  As a 
result, the significant increase in N2O uptake with sediment exposure time is likely driven 
by denitrification as a result of nutrient deficit the community likely experienced when 
the tide went out (Fig. 1).  This is a significant impact of the external pulsing in this 
system.   
As evidence of this nutrient driven pulse, there was a different relationship 
between N2O flux and SOD on July 31 and August 8, both are significant relationships 
(p<0.05) but for the same SOD, the slope on August 8 is much steeper.  Specifically, 
there was significantly more N2O uptake on August 8 than there was on July 31 (p=0.05).  
We propose that these two sample dates exhibited contrasting sediment N2O dynamics 
because they experienced contrasting weather conditions.  July 31 was foggy, 
occasionally drizzling, and the average sediment temperature was 24.2C, while August 8 
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was hot and sunny with an average sediment temperature of 30.5C.  However as SOD 
on the two days was not significantly different, the difference in N2O flux is not purely a 
result of the change in temperature.  We propose the increased N2O uptake on the sunnier 
day was due to denitrifiers having to compete with the microalagal community in the 
mud flat for nutrients, namely nitrate.  These sediments host abundant sediment 
microalgal communities, photosynthetic diatom-dominated assemblages (known as 
microphytobenthos, MPB) that occupy the top few millimeters of sediment on the tidal 
flat (Pascal et al. 2013).  Being photoautotrophs, MPB’s need inorganic nutrients 
including nitrogen to function and will be competing with denitrifiers in the sediment.  
When it is cloudy, as it was on July 31, photosynthetic rates by the MPB’s will be lower 
therefore decreasing their nutrient demand, leaving more porewater nitrate available for 
use as a terminal electron acceptor for denitrifiers (producing either N2 or N2O).  
However, on a sunny day, with high rates of photosynthesis, denitrifiers must compete 
with MPB for nitrate (Sundback et al. 2000).  Under these conditions, porewater nitrate 
will likely be more quickly exhausted at low tide driving denitrifiers to rely more heavily 
on N2O as their terminal electron acceptor for denitrification (Miller et al. 1986).  This 
further suggests that nutrient availability and competition are driving increased uptake of 
N2O the longer sediments are tidally exposed, and that it is denitrification driving this 
signal as they can consume  N2O.  This increase in N2O uptake is an ecosystem service 
provided by tidal flat sediments and is a significant impact of this daily, pulsed event of 
tidal inundation followed by exposure to the atmosphere on tidal flat N2O dynamics.       
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Nutrient Addition 
In order to distinguish the specific nutrient drivers of the N2O fluxes we observed 
in the field, we designed a complementary nutrient addition experiment on additional 
cores of the same intertidal sediments.  The N2O fluxes from these additions in general 
were significantly lower in magnitude than those we observed in the field (p<0.01).  This 
is likely a result of decreased overall metabolic rate in the sediments, as sediment 
temperatures were higher in July and August compared to September (27.5 and 17C, 
respectively). The temperature decrease also resulted in significantly lower SOD in the 
nutrient addition cores compared to the cores measured in the field (p= 0.01).  As a result, 
the general trends we observe in response to nutrient addition are likely conservative 
approximations of what would occur at summer temperatures.   
Overall, we found that treatment covered cores had significantly (p<0.01) higher 
N2O fluxes than when the cores were exposed to air (Fig. 2).  This is consistent with our 
field observations and supports our conclusion that N2O uptake increases with exposure 
due to competition for depleted nutrient supply.  However, regardless of treatment, there 
was no significant treatment effect on exposed cores (Fig 2b.) indicating that treatment 
effect is temporary, lasting only while sediments are inundated.  Once exposed, 
porewater nutrients seem to be rapidly used, driving denitrifiers to rely increasingly on 
interstitial and atmospheric N2O for denitrification, thus inducing a net negative flux of 
N2O into the sediment (Fig. 2b).   
When cores were inundated with treatment, only the nitrate and DIN treatments 
had significant treatment effects in all cores, though DIN+DIP was significant in all but 
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the control (Fig 2a).  The ammonium treatment showed no treatment effect, having no 
significant relationship between N2O flux and ammonium concentration (Table 2).  This 
is likely due to Michaelis-Menten kinetics.  N2O can be produced in the first step of 
nitrification, ammonia oxidation, a process which can be carried out by either ammonia 
oxidizing bacteria (AOB) or ammonia oxidizing archaea (AOA).  AOA in culture 
(Candidatus Nitrosopumilus maritimus’ strain SCM1) exhibited a very low saturation 
value (Km) ~130 nM NH4
+
, while AOB have much higher values (Km ~ 100 to 550 M 
NH4
+
; (Martens-Habbena et al. 2009).  Given that these sediments did not show any 
response to even very high additions (over 600 M) of ammonium, we hypothesize that 
the nitrifying community in these sediments is dominated by AOA, as has been shown in 
some agricultural soils (Leininger et al. 2006).  We therefore suggest that the nitrifiers in 
these sediments are saturated at very low concentrations of ammonium, rendering them 
unable to use the additional substrate for higher nitrification, and thus N2O production 
rates are limited.   The lack of response by nitrifiers to the addition of ammonium also 
suggests that nitrification is not the process regulating the flux of N2O in these sediments, 
and that the signal is more likely dominated by denitrification and/or DNRA as shown by 
the significant treatment effects in the nitrate and DIN additions (Fig. 2). Denitrification 
has been found to be the driver of N2O dynamics in both temperate (e.g. (Davidson et al. 
1986) and tropical forest soils (e.g. (Bowden et al. 1992, Silver et al. 1999) as well as in 
some marine ecosystems (e.g. (Dong et al. 2002, Wang et al. 2007).   
Nitrate had a parabolic relationship between N2O flux and nitrate concentration. 
However, this relationship was driven entirely by N2O flux from the 32x treatment (5.83 
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 3.6 mol m-2 h-1), the same relationship from 0 through 16x was not significant 
indicating that the sediment community did not respond to nitrate additions until they 
were much larger than ambient levels.  In fact, all of the nitrate addition treatments 
exhibited N2O uptake except the 32x treatment (Fig. 2a, Table 2).  Both denitrification 
and DRNA can take up nitrate and produce N2O although the kinetics of each reaction 
are different. Denitrification is saturated (has a Km value) at ~ 5 to 10 M NO3
-
 while 
DNRA is saturated at ~100 to 500 M NO3
-
 (Jorgensen 1989).  Given these Km values, 
we suggest that it is DNRA, rather than denitrification, that is responding to high levels 
of nitrate by producing of N2O.  This is consistent with findings suggesting that DNRA 
may be outcompeting denitrification in nearby salt marsh tidal creeks that have been 
fertilized with nitrate (Vieillard & Fulweiler 2012).   
The balance between denitrification and DNRA has important implications for 
ecosystem function. While both processes can produce N2O, they have different primary 
products.  Denitrification ideally produces biologically inert N2 gas, and is therefore the 
means by which bioavailable N is removed from a system (e.g. Kieskamp et al. 1991).  
Conversely, the end product of DNRA is ammonium, another bioavailable form of 
nitrogen.  Thus denitrification has the potential to counteract increasing N loads, while 
DNRA keeps reactive N cycling within a system. However, due to kinetics, DNRA will 
outcompete denitrification at higher NO3
-
 concentrations (Jorgensen 1989).  This 
suggests that increasing N loads are likely to induce a sediment community shift from 
denitrification to DNRA, resulting in further increases in bioavailable N within the 
ecosystems as well as possible increases in sediment N2O emissions.  As these two 
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processes often co-occur in sediments it is often difficult to tease apart their individual 
contributions to fluxes of N2O.  Additionally, DNRA is rarely measured specifically for 
N2O emissions; however, there is strong evidence that DNRA plays an important role in 
N2O emissions from terrestrial soils, particularly those of high pH (>6.5) and high carbon 
content (C:N >4, Stevens et al. 1998, Morley & Baggs 2010).     
The DIN addition also had a significant treatment effect exhibiting a positive 
linear correlation between N2O flux and DIN concentration indicating that, as water 
column DIN increases, sediment N2O production also increases (Fig 2a, Table 2).  This 
follows a similar linear pattern that has been seen previously in intertidal sediments 
(Middelburg et al. 1995), and not the exponential relationship seen in estuarine sediments 
(Seitzinger & Nixon 1985).  Together these findings indicate that these two components 
of coastal ecosystems may respond differently to nutrient loading.  The exponential 
response of estuarine sediments to nutrient enrichment (Seitzinger & Nixon 1985) 
suggests that estuarine N2O fluxes may be more sensitive to changes in nutrient load than 
intertidal sediments.  Estuarine sediments are already, thought to be almost exclusively 
sources of N2O to the environment (Middelburg et al. 1995), and a higher sensitivity to 
anthropogenic N is likely to only exacerbate this source (Kroeze et al. 2005).  Tidal flats 
have been shown, by this study and by others (e.g. Wang et al. 2007), to be capable of 
being significant sinks of N2O.  With a linear response to DIN loading, tidal flat N2O 
fluxes may be less sensitive to anthropogenic increases in N loading than estuaries, but 
increased N loading my still have the potential to shift these systems to more permanent 
sources of N2O.  
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Finally, while the DIN+DIP addition showed a significant relationship between 
N2O flux and phosphate concentration over all treatment levels except the ambient core 
(Table 2). Surprisingly, this trend is in the opposite direction of the DIN treatment alone.  
We found that, as phosphate concentrations increased, more N2O was taken up (Fig. 2a). 
This relationship suggests that the process driving N2O uptake in these sediments is P 
limited.  Further evidence of P limitation are the relationships between N2O flux and N:P 
in the DIN and DIN+DIP treatments (Fig. 3).   Both treatments showed positive, linear 
correlations between N2O flux and N:P (Fig. 3).  However, The slopes of these 
relationships differ, and, more importantly, the treatment progression has opposite effects 
on the N2O flux (Fig 3).  With the addition of DIN only, and the resulting increased N:P, 
more N2O is produced (Fig. 3a).  Conversely, in the DIN+DIP addition, the addition of 
DIP and the concurrent decrease in the N:P, the more N2O is taken up (Fig 3b).  Together 
these data indicate that N2O uptake in these sediments is phosphorous limited.  Though 
nitrogen is typically thought to be the limiting nutrient in marine ecosystems, P limitation 
has been found in a variety of communities throughout the marine environment 
(Fourqurean et al. 1992, MacRae et al. 1994, Cotner et al. 1997, Karl & Yanagi 1997).  
There is additional evidence of P limitation in water column N fixation (Vaulot et al. 
1996, Karl et al. 2001) as well as in the growth of heterotrophic bacteria (Thingstad et al. 
1998).  Nitrogen transforming bacteria have also been found to be phosphorus limited in 
salt marsh sediments (Sundareshwar et al. 2003), as have denitrifiers in some wastewater 
treatment facilities (AEsoy et al. 1998, deBarbadillo et al. 2006). Evidence of P limitation 
has also been found in tidal creek sediments from this same ecosystem (Vieillard & 
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Fulweiler 2012). Our results suggest that N2O uptake by denitrifiers in these tidal flat 
sediments may also be P limited.  When looking at the nitrate, DIN, and DIN+DIP 
treatments, the presence or absence of nitrate, the supposed driver of denitrifier N2O 
uptake (Miller et al. 1986) does not impact N2O uptake significantly.  N2O uptake rates 
only increase when concentrations of P are increased, even though nitrate concentrations 
increase as well.  This suggests a fundamental and relatively unexplored link between 
denitrification and DIP.  It also suggests that it may be the ratio of N:P that has a greater 
impact on N2O uptake than simply nitrate concentrations alone.  
 This finding has potentially far-reaching implications for coastal ecosystems.  
Though human activities such as fertilizer production influence the global phosphorus 
cycle as well as that of N, there are much larger natural and anthropogenic sources of N 
than P to the environment (e.g. (Fanning 1989, Carpenter & Romans 1991, Karl et al. 
1997).  As a result, anthropogenic behaviors have not only increased the total amount of 
N delivered to coastal systems, but also the ratios of N:P (Nixon 1993, Benitez-Nelson 
2000).  Not only do these alterations to N:P ratios exacerbate the many issues that come 
with increased N loading, but our findings also suggest that they may inhibit the ability of 
intertidal sediments  to remove N2O from the atmosphere, and may actually lead to 
further production of this harmful greenhouse gas.  
Ecosystem N2O Dynamics 
In order to understand the potential impact of the N2O fluxes we measured have 
on this system, we can scale them up to an ecosystem level.  Using the average flux we 
measured in our field study of -6.7  2 mol m-2 h-1, and assuming that this mean is 
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spatially representative of the 7.2 km
2
 of tidal flat in the Plum Island Estuary ecosystem, 
we calculate a summer flux (June, July, and August) of  -106 kmol N2O.  Using a range 
of N2O fluxes measured in temperate subtidal, estuarine sediments and applying these 
values to the area of Plum Island Sound estuary, we calculate a range of possible summer 
N2O flux from approximately -26 to 3,000 kmol (Seitzinger & Nixon 1985, Dong et al. 
2002).  N2O release from nearby Narragansett Bay falls on the lower side of these values 
and yields a possible summer N2O emission of 24.5 kmol from Plum Island Sound 
estuary.  Thus, in the summer, the tidal flat acts a sink that alone likely more than balance 
estuarine N2O based on estimates from a large, nearby estuary.  We can also include N2O 
fluxes from the salt marsh fringing Plum Island Sound.  Using a summertime N2O flux of 
-33 mol m-2 d-1 (Moseman-Valtierra et al. 2011) applied to the 39 km2 of salt marsh in 
the ecosystem, we get a summer flux of -117 kmol N2O taken up by the marsh.  Together 
the marsh and tidal flat could take up approximately 223 kmol of N2O and, even balanced 
with the estuarine flux, we still calculate a net ecosystem uptake of approximately 200 
kmol of N2O during the summer.  This is substantial ecosystem service of N2O removal 
from the atmosphere provided by this system, which is classified in a group of systems 
thought to be doing the opposite (Seitzinger et al. 2000, Kroeze et al. 2005). However, 
this is also yet another important service provided by coastal systems that is jeopardized 
by anthropogenic activity.  Increased N delivery, and perhaps more importantly, 
increasing N:P ratios in coastal systems due to human actions have the potential to 
hamper the ability of tidal flats to remove this potent greenhouse gas from the 
atmosphere.    
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An additional threat to coastal marine ecosystems is sea level rise.  In many areas 
this is a threat on both a regional and global scale (IPCC 2007).  Our field study has 
demonstrated that intertidal sediments take up significant amounts of N2O while exposed 
to the atmosphere during low tide at a rate that could potentially more than offset N2O 
production in other areas of the ecosystem.  However, with sea level rise, these 
environments will experience less and less time exposed to the atmosphere, potentially 
limiting their capacity to take up N2O.  Even the lowest projections of sea level rise of 
approximately 0.5 m by 2100 would leave most intertidal sediments fully inundated 
(Rahmstorf 2007).  If other intertidal sediments behave similarly to those in this system, 
this would represent a considerable loss of N2O removal capacity.  
Conclusions 
N2O fluxes in this study show that intertidal sediments exhibit significant N2O 
uptake in response to tidally pulsed changes in nutrient availability.  Low tide leaves the 
sediments depleted in nutrients when exposed to the atmosphere.  N transforming 
bacteria and archaea must then compete with benthic microalgae for these limited 
resources.  In sunny conditions, denitrifiers are likely out competed for nitrate by 
microalgae, but may also use N2O as a terminal electron acceptor (Miller et al. 1986) and, 
thus, drive the signal of N2O uptake at low tide. Measurements taken from nutrient 
enrichment cores indicate that N2O fluxes are most responsive to DIN and DIN+DIP 
additions and that N2O uptake via denitrification in these sediments is P limited.  
Additionally, it may be DNRA, not denitrification, which responds to increases in nitrate 
with increased release of N2O.  Overall, we observed that this tidal flat ecosystem was a 
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sink of N2O during the summer, on the same order of magnitude as the adjacent salt 
marsh.  This removal of this potent greenhouse gas from the atmosphere is a critical 
ecosystem service occurring in an ecosystem that is generally thought to be a source of 
N2O to the atmosphere.  
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Figure 12. Relationships between dissolved inorganic nitrogen and phosphorus fluxes in 
August 2010 as well as June and August 2011.  Filled circles signify fluxes from the 
fertilized creek, while open circles indicate fluxes from the reference creek.  a) 
Ammonium vs NOx (nitrate + nitrite) flux; regression is through reference points only 
(y=3.02x + 284, R
2
= 0.69).  b) Ammonium vs phosphate flux with regression through the 
reference points (y=15.9x + 114, R
2
= 0.49).  c) NOx vs phosphate flux.  d) dissolved 
inorganic nitrogen vs phosphate flux with regression through all points (y=18.2x + 69, 
R
2
= 0.45).  
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Figure 13. Dissolved silicate fluxes from the fertilized (shaded bars) 
and reference (open bars) creeks on all three sample dates.  Error 
shown is standard error. 
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Appendix B 
Supplemental Tables: Chapter 1 
Table 8. Sediment oxygen demand, net N2, dissolved nitrate, nitrite, ammonium, phosphate, and silicate fluxes in the fertilized 
and reference creeks on all three sample dates. Note that DSi data were not used for the manuscript. 
Date Site 
SOD 
(mol m-2 h-1) 
N2-N Flux 
(mol m-2 h-1) 
NO3
-
 flux 
(mol m-2 h-1) 
NO2
-
 Flux 
(mol m-2 h-1) 
NH4
+
 Flux 
(mol m-2 h-1) 
PO4
2-
 Flux 
(mol m-2 h-1) 
DSi Flux 
(mol m-2 h-1) 
08/2010 Fertilized 3809.29 320.80 -161.36 2.88 280.46 -5.76 1579.04 
 
Fertilized 3582.53 104.54 -211.02 5.81 233.29 -3.87 -- 
 Fertilized 2768.15 0.00 -141.98 2.68 275.03 -2.68 261.64 
 Reference 4058.19 72.92 -0.01 0.25 336.63 1.70 491.80 
 Reference 3784.75 71.86 -54.84 0.38 328.08 13.24 -131.42 
 Reference 3493.94 50.02 -22.98 1.91 195.33 -3.83 135.01 
06/2011 Fertilized 2839.27 151.49 -148.31 -13.73 0.00 7.32 106.19 
 Fertilized -- 0.00 -285.56 0.00 0.00 0.00 12.58 
 Fertilized 7855.04 524.88 -450.53 -16.60 0.00 -24.90 35.57 
 Reference 3680.41 192.10 -112.95 -21.47 -141.89 -12.14 -17.74 
 Reference 6113.65 0.00 -45.38 -12.97 89.15 5.67 74.56 
 Reference 6786.58 -402.68 -81.00 -16.20 -70.52 0.00 0.00 
08/2011 Fertilized 3720.16 324.88 -232.41 14.36 436.09 2.61 148.85 
 Fertilized 3081.00 38.24 -438.30 9.91 330.58 0.00 55.72 
 Fertilized 1941.31 0.00 -253.73 8.04 330.65 0.00 169.92 
 Reference 1649.35 -23.19 -29.85 -1.15 221.58 6.89 51.66 
 Reference 1471.83 0.00 -23.79 0.00 123.51 0.00 23.79 
 Reference 1271.85 45.59 0.00 0.00 205.11 4.74 23.71 
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Figure 14. Relationships between net N2 flux and sediment oxygen demand for the initial 
dark (a, y= -0.13x +34, R
2
= 0.56) and light (b) as well as the final dark (c) and light (d) 
incubations. 
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Figure 15. Initial concentrations of ammonium versus nitrate in 
core water headspace of both the initial (a) and final (b) 
incubations.  Open and closed circles indicate values from 
incubations under light and dark conditions, respectively. 
  
Appendix D 
Supplemental Tables: Chapter 2 
 
Table 9. Sediment oxygen demand, net N2, and dissolved ammonium, nitrite, phosphate, nitrate, and silicate fluxes from  
initial and final tidal flat incubations in all plots both control and fertilized and in light and dark conditions.  
Initial/ 
Final 
Distance to 
marsh (m) 
Treatment 
Light/ 
Dark 
SOD  
(mol m-2 h-1) 
N2 Flux 
(mol m-2 h-1) 
NH4
+
 Flux 
(mol m-2 h-1) 
NO2
-
 Flux 
(mol m-2 h-1) 
PO4
2-
 Flux 
(mol m-2 h-1) 
NO3
- 
Flux 
(mol m-2 h-1) 
DSi Flux 
(mol m-2 h-1) 
Initial 4.5 Control dark 260.305 5.551 24.672 -2.313 0.308 -2.467 -55.049 
Initial 5.5 Control dark 286.032 5.184 31.536 -3.888 1.008 -3.312 -7.920 
Initial 6.5 Control dark 179.449 -0.654 21.419 0.000 0.164 0.000 -23.217 
Initial 7.5 Control dark 178.097 -5.184 26.568 0.000 0.648 -3.564 7.452 
Initial 8.5 Control dark 165.673 0.882 30.870 -2.058 0.441 -2.352 -28.077 
Initial 9.5 Control dark 201.224 2.429 16.243 -14.876 0.000 -7.135 -35.521 
Initial 4.5 Fertilized dark 139.338 -1.735 22.702 0.000 0.289 0.000 0.000 
Initial 5.5 Fertilized dark 150.476 3.288 30.085 -1.151 0.066 -1.480 0.000 
Initial 6.5 Fertilized dark 168.231 -3.000 0.000 0.000 -0.300 -2.850 -33.300 
Initial 7.5 Fertilized dark 131.736 -61.372 28.064 -4.318 -0.154 -2.616 0.000 
Initial 8.5 Fertilized dark 141.993 -1.728 0.000 0.000 0.000 0.000 -14.832 
Initial 9.5 Fertilized dark 245.668 8.870 28.987 -3.643 0.317 -3.010 -166.320 
Initial 4.5 Control light 166.999 -27.139 -13.570 0.000 -0.093 0.771 3.238 
Initial 5.5 Control light 195.254 13.248 0.000 0.000 -0.864 0.000 27.360 
Initial 6.5 Control light 91.027 8.175 -17.004 0.000 -0.654 1.145 31.065 
Initial 7.5 Control light 62.364 9.720 -22.518 0.972 -1.134 2.268 -27.702 
Initial 8.5 Control light 121.057 19.404 -25.725 2.058 -0.735 3.087 23.667 
Initial 9.5 Control light 172.659 15.484 48.576 -12.448 0.000 -10.322 19.127 
Initial 4.5 Fertilized light 211.970 -6.652 -17.207 0.000 -0.723 0.000 -19.232 
9
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Initial/ 
Final 
Distance to 
marsh (m) 
Treatment 
Light/ 
Dark 
SOD  
(mol m-2 h-1) 
N2 Flux 
(mol m-2 h-1) 
NH4
+
 Flux 
(mol m-2 h-1) 
NO2
-
 Flux 
(mol m-2 h-1) 
PO4
2-
 Flux 
(mol m-2 h-1) 
NO3
- 
Flux 
(mol m-2 h-1) 
DSi Flux 
(mol m-2 h-1) 
Initial 5.5 Fertilized light 236.547 27.948 -24.824 0.000 -0.658 0.000 -26.797 
Initial 6.5 Fertilized light 86.485 20.100 0.000 -0.600 0.000 0.300 17.100 
Initial 7.5 Fertilized light 107.261 5.243 9.252 0.000 -0.463 0.000 0.000 
Initial 8.5 Fertilized light 146.667 4.608 0.000 -11.808 -2.592 -10.656 14.976 
Initial 9.5 Fertilized light 126.046 30.096 0.000 3.802 -0.792 3.485 7.286 
Final 4.5 Control dark 74.189 0.000 -2.799 0.000 0.000 -1.326 50.966 
Final 5.5 Control dark 81.959 0.000 5.567 -0.030 -3.009 0.903 4.965 
Final 6.5 Control dark 34.486 -6.652 10.990 0.043 0.000 -0.578 10.990 
Final 7.5 Control dark 193.620 -12.566 14.137 0.000 -0.143 -1.428 5.998 
Final 8.5 Control dark 162.626 -0.524 9.036 0.000 -0.393 -0.786 4.976 
Final 9.5 Control dark 68.491 -0.792 12.276 -0.119 -0.264 -1.056 5.544 
Final 4.5 Fertilized dark 66.553 -6.780 11.526 -0.041 -0.271 -0.949 8.136 
Final 5.5 Fertilized dark 76.965 6.445 6.164 0.000 -0.126 -0.981 4.203 
Final 6.5 Fertilized dark 122.544 1.133 0.000 -0.113 0.000 -0.991 3.823 
Final 7.5 Fertilized dark 160.503 -16.963 6.696 0.000 0.000 -0.893 2.827 
Final 8.5 Fertilized dark 51.116 -4.712 8.177 0.000 -0.277 -0.970 5.267 
Final 9.5 Fertilized dark 50.044 2.490 13.322 0.000 0.000 -0.747 0.000 
Final 4.5 Control light 163.535 1.473 13.846 -0.029 0.000 2.210 14.583 
Final 5.5 Control light 136.518 -1.204 2.859 0.120 -0.301 -9.027 -12.036 
Final 6.5 Control light 300.612 0.000 -31.523 1.735 -0.289 7.953 -13.592 
Final 7.5 Control light 98.251 -0.286 11.995 0.086 0.000 -2.285 4.570 
Final 8.5 Control light 79.635 0.000 4.714 0.000 1.310 -1.310 9.036 
Final 9.5 Control light 83.680 1.848 6.600 0.000 0.000 -2.244 6.072 
Final 4.5 Fertilized light 128.208 0.000 0.000 0.000 0.000 -2.712 -10.170 
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Initial/ 
Final 
Distance to 
marsh (m) 
Treatment 
Light/ 
Dark 
SOD  
(mol m-2 h-1) 
N2 Flux 
(mol m-2 h-1) 
NH4
+
 Flux 
(mol m-2 h-1) 
NO2
-
 Flux 
(mol m-2 h-1) 
PO4
2-
 Flux 
(mol m-2 h-1) 
NO3
- 
Flux 
(mol m-2 h-1) 
DSi Flux 
(mol m-2 h-1) 
Final 5.5 Fertilized light 161.297 -1.961 7.565 -0.140 0.280 -1.681 13.450 
    Final 6.5 Fertilized light 0.000 -2.549 6.514 -0.425 -0.142 -2.124 -12.319 
Final 7.5 Fertilized light 85.449 -1.488 18.600 -0.149 -0.298 -1.488 -12.797 
Final 8.5 Fertilized light 274.005 1.663 10.672 1.802 -0.416 -1.109 0.000 
Final 9.5 Fertilized light 95.608 0.000 10.707 -0.374 -0.623 -4.358 4.358 
  
 
        
           
1
0
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Appendix E 
 
Sulfide Interference with Nitrous Oxide Microsensors 
 
Introduction  
 
N2O has been collected in a variety of ways in the field, but is traditionally 
measured via electron capture gas chromatography (GC, (Rasmussen et al. 1976, Cohen 
1977)).  Though the GC method is well developed and has high sensitivity, it requires 
extraction of a relatively large volume of N2O from the environment or from the sample.  
For this reason micro-sensors were developed for finer scale resolution of N2O (among 
many other species) measurement (Alefounder and Ferguson 1982, Revsbech et al 1988, 
Andersen et al 2001).  These micro-sensors allow for rapid, high resolution, non-
destructive sampling in micro-scale, even in situ with virtually no analyte consumption.  
However, early sensors had confounding variety of technical issues such as very short 
lifetimes and high oxygen, sulfide, and acetylene interference (Revsbech et al 1988).   In 
2001, Andersen et al. described a Clark-type sensor with an alkaline, ascorbate trap to 
reduce any incoming oxygen (Fig. 1).  This sensor was not only stable in oxic 
environments, it had a lifetime of many months while still maintaining a relatively high 
sensitivity (~1M N2O) and small tip size (50-80 m, Andersen et al. 2001).  As a result 
this type of sensor is now used in a broad range of environments to measure N2O 
worldwide (e.g. Horn et al. 2003, Kampschreur et al. 2008, Zhou et al. 2008, Elberling et 
al. 2010).   
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There is however, one exception.  In their study Andersen et al. (2001) tested a 
variety species that might interfere with the sensor, and concluded that there was  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 16. Diagram of the tip of a Clark-type, oxygen 
insensitive, N2O microsensor used in this study.   
Gasses, including N2O passively diffuse through the  
silicone membranes and the forward compartment,  
with 1-2M ascorbate solution, removes oxygen so that 
only N2O gas reacts with the internal N2O sensor.  
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significant hydrogen sulfide (H2S) interference and that the sensor was not fit for use in 
high sulfide environments.  The authors note that this is not an issue for most 
environments except reduced marine sediments and that in these environments use of the 
sensor should be limited to the upper, oxidized layers (Andersen et al 2001).  As there is 
still a large degree of uncertainty regarding N2O dynamics in coastal sediments, 
expanding the use of microsensors to these environments could help to fill some of the 
gaps in our current understanding.   
The purpose of this study was to reevaluate the sulfide interference with the 
Clark-type N2O sensor with ascorbate trap as described in Andersen et al. 2001 (Fig. 1).  
In their test of sulfide interference, Andersen et al. (2001) used a 100 M N2O standard 
with sulfide concentrations ranging from zero to 300 M (Andersen et al. 2001).  Coastal 
marine sediments rarely see concentrations of N2O as high as 100 M, a more common 
porewater range is approximately 0-30 M (Sørensen 1978, Meyer et al. 2008).  We 
therefore chose a more intermediate value of 13.5 M for the target N2O concentration of 
our standards.  Additionally, the anoxic zones of coastal marine sediments often have 
sulfide concentrations much greater than 300 M. Here we conduct the same test as 
Andersen et al. (2001) using multiple probes, a more realistic concentration of N2O, and 
range of sulfide found in coastal marine sediments in order to evaluate whether or not this 
valuable method can be employed in reduced marine environments beyond the oxic layer.     
Methods 
Standard measurement 
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100 m Clark-type nitrous oxide micro-sensors with ascorbate trap (N2O100, 
Unisense, Arhus, Denmark, Andersen et al. 2001, Fig. 1) were used to measure sets of 
seven standard solutions, each with constant N2O concentrations and increasing sulfide 
concentration from zero to 1000 M.  Mixed standards were made from stock solutions 
of 27 M N2O and 2mM sulfide.  Both were made in argon (Ar) sparged, Mili-Q water, 
and two additional sulfide stocks were made in an Ar sparged buffer solutions (pH 7 and 
pH 4); stocks were then stored in gas tight, 1 L, tedlar bags with no gas head space.  The 
mixed standards were then prepared in evacuated 12 mL exetainer vials (Labco, UK) 
each with equal volumes of N2O stock, varying volumes of sulfide stock, and O2 free 
water or buffer.   
 Quadruplet measurements with the sensors were taken in each standard, and pH 
of the standard was measured immediately afterward.  Standards were not always run in 
increasing order of sulfide concentration to avoid biases and progressive build up of 
sulfide.  Because these sensors are handmade each can be expected to behave slightly 
differently, so two different micro-sensors were used over the course of the experiment to 
ensure that our findings were not the result of an artifact in one sensor.   
 All tests had the same target concentration of nitrous oxide (13.5 M).  Two tests 
each were done on standards in plain Mili-Q water and pH 4 buffer, while five tests were 
done on standards in pH 7 buffer.  The focus was kept on the pH 7 buffer as it is with in 
the range of the pH often found in coastal marine sediments (Kostka and Luther 1995).  
Additional tests to quantify the affect of sulfide on the linearity of the sensor’s response 
to N2O were undertaken by testing calibration solutions of fixed sulfide concentrations 
  
105 
(0, 400, and 1000 M sulfide) and varying concentrations of N2O (0, 12, 48, and 108 M 
N2O).   
Statistics 
 All statistical analyses were done in R.  Linear regression models (=0.05) were 
run to test the significance of relationships between variables tested, a two-way analysis 
of variance (ANOVA, =0.05) was run to test for significant differences between tests 
done on the same sensor, and all error is reported as standard error.   
Results 
In the absence of buffer, there was a negative relationship between N2O 
concentration and pH (r
2
=0.44, p<0.01, Fig. 2).  Sulfide did not influence the sensor’s 
linear response to increasing N2O concentrations.  At sulfide concentrations of both 400 
and 1000 M the sensor maintained linear responses to N2O from zero to 108 M (Fig. 
2). In buffered standards of pH 7 a clear pattern emerged between N2O and sulfide 
concentrations.  Up to 400 M sulfide, there was a negative linear relationship with N2O 
(r
2
=0.91, p<0.05, Fig 3).  However, from 400-1000 M sulfide, the correlation switches 
direction and becomes a significant positive relationship between N2O and sulfide 
concentration (r
2
=0.97, p<0.05).  This switch indicates that a sulfide concentration of 
approximately 400uM sulfide is the most interfering to the N2O microsensor.  
Additionally, the sulfide did not appear to have any significant, lasting effects on the 
microsensor.  Buffered standards measured by the same sensor approximately 20 minutes 
apart showed essentially the same pattern with increasing sulfide concentration and were 
not significantly different from each other (p=0.30, Fig. 4).      
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Figure 17. Nitrous oxide concentration versus pH for both non-buffered tests.   
R
2
= 0.44, p<0.01, N=14. 
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Figure 18. N2O concentration versus signal in millivolts at zero (open circles,  
y=0.67x + 78.36, R
2
= 0.99), 400 (grey circles, y=0.71x + 54.36, R
2
= 0.99),  
and 1000M H2S (black circles, y=0.82x + 57.21, R
2
=0.99).  
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Figure 19. N2O concentration versus sulfide concentration for all five buffered  
(pH 7) tests. A) Linear regression and correction equation for 0-400 M  
sulfide (y= -0.0388x +21.815, r
2
=0.91, p<0.05). B) Correction equation  
for 600 M sulfide (y= -0.0248x +23.688).  C.) Correction equation for  
800 M sulfide (y= -0.0155x +23.688).  D) Correction equation for 1000  
M sulfide (y= -0.0103x +23.688). Mean SE shown. 
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Figure 20. N2O concentration versus sulfide concentration measured by the same  
sensor on the same day.  Open circles represent the first test while closed  
circles represent the second test, which was run approximately twenty minutes  
later.  The two tests were not significantly different from each other (p=0.30).  
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Appendix F 
 
Supplemental Figures: Chapter 3  
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Figure 21. N2O flux with sediment exposure time (a) and sediment temperature (b).     
a) is for all field points sampled (y=-0.063x +0.91, R
2
=0.24, N= 36) and b) is for all 
N2O points measured in both the field and the lab (y=-0,48x + 6.41, R
2
=0.05, N=156). 
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Figure 22. Sediment oxygen concentration (a, y=-0.06x + 42.55, R
2
=0.08), average 
sediment water content (b, grey line), and average N2O flux (b, grey bars) with 
exposure time. Error bars represent  1 standard error. 
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Figure 23. N2O flux versus inorganic nutrient concentrations in cores with nitrate (a, 
R
2
=0.99), ammonium (b, R
2
=0.16), dissolved inorganic nitrogen (c, R
2
=0.79), and 
dissolved inorganic nitrogen + dissolved inorganic phosphorus (d, R
2
=0.30) additions 
while inundated with treatment. 
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Figure 24. N2O flux versus inorganic nutrient concentration in cores with nitrate (a, 
R
2
=0.37), ammonium (b, R
2
=0.13), dissolved inorganic nitrogen (c, R
2
=0), and dissolved 
inorganic nitrogen + dissolved inorganic phosphorus (d, R
2
=0.68) additions while 
exposed to air. 
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Supplemental Tables: Chapter 3 
 
Table 10. Examples of output data from nitrous oxide and oxygen microsensors on each of the three  
field dates sampled, July 31, August 8, and August 14, 2012. 
Date/ Time 
N2O Depth 
(m) 
N2O 
Concentration 
(Mol) 
N2O Signal 
(mV) 
O2 Depth 
(m) 
O2 
Concentration 
(Mol) 
O2 Signal (mV) 
7/31/2012 15:35:01 0 10.0214 269.3971 0 232.1409 24.8642 
7/31/2012 15:35:12 200 11.6054 291.7492 200 186.6387 22.7283 
7/31/2012 15:35:23 400 13.0414 312.0131 400 103.3309 18.8177 
7/31/2012 15:35:34 600 13.8882 323.9630 600 37.4066 15.7232 
7/31/2012 15:35:45 800 14.7267 335.7965 800 3.2888 14.1217 
7/31/2012 15:35:56 1000 15.4842 346.4854 1000 -11.4138 13.4315 
7/31/2012 15:36:07 1200 16.1117 355.3400 1200 -12.8213 13.3654 
7/31/2012 15:36:18 1400 16.3657 358.9247 1400 -11.2025 13.4414 
7/31/2012 15:36:29 1600 16.7095 363.7771 1600 -11.5787 13.4238 
7/31/2012 15:36:40 1800 17.0986 369.2674 1800 -11.6259 13.4216 
7/31/2012 15:36:51 2000 17.2464 371.3532 2000 -11.3000 13.4369 
7/31/2012 15:37:02 2200 17.5794 376.0527 2200 -11.6104 13.4223 
7/31/2012 15:37:13 2400 17.9445 381.2036 2400 -11.2951 13.4371 
7/31/2012 15:37:24 2600 17.9817 381.7292 2600 -12.1679 13.3961 
7/31/2012 15:37:35 2800 17.9879 381.8170 2800 -12.5279 13.3792 
7/31/2012 15:37:46 3000 18.1530 384.1465 3000 -11.8225 13.4123 
7/31/2012 15:37:57 3200 18.2249 385.1617 3200 -12.2028 13.3945 
7/31/2012 15:38:08 3400 18.1769 384.4844 3400 -11.7705 13.4148 
7/31/2012 15:38:19 3600 18.1097 383.5353 3600 -11.6364 13.4211 
1
1
4
 
  
       
Date/ Time 
N2O Depth 
(m) 
N2O 
Concentration 
(Mol) 
N2O Signal 
(mV) 
O2 Depth 
(m) 
O2 
Concentration 
(Mol) 
O2 Signal (mV) 
7/31/2012 15:38:30 3800 18.0176 382.2357 3800 -11.7811 13.4143 
7/31/2012 15:38:41 4000 17.8596 380.0065 4000 -12.1858 13.3953 
7/31/2012 15:38:52 4200 17.7437 378.3713 4200 -11.7591 13.4153 
7/31/2012 15:39:03 4400 17.5963 376.2911 4400 -12.4613 13.3823 
7/31/2012 15:39:14 4600 17.3028 372.1487 4600 -11.7713 13.4147 
7/31/2012 15:39:25 4800 17.1091 369.4157 4800 -12.7587 13.3684 
7/31/2012 15:39:36 5000 16.6992 363.6310 5000 -15.1260 13.2573 
8/8/12 12:06 0 11.29208374 177.1778564 0 60.36340332 45.51977539 
8/8/12 12:07 200 11.36059475 177.4012146 200 4.720640182 17.61480713 
8/8/12 12:07 400 11.53350449 177.9649353 400 -1.607028246 14.44146729 
8/8/12 12:07 600 11.75770092 178.6958618 600 -2.577987909 13.95452881 
8/8/12 12:07 800 12.2174387 180.1947021 800 -2.070905447 14.20883179 
8/8/12 12:07 1000 12.88846588 182.3823853 1000 -1.935448289 14.27676392 
8/8/12 12:08 1200 13.61461639 184.7497864 1200 -3.531118155 13.47653198 
8/8/12 12:08 1400 14.39138126 187.282196 1400 -6.902945518 11.78555298 
8/8/12 12:08 1600 15.10439014 189.6067505 1600 -11.45171833 9.504333496 
8/8/12 12:08 1800 16.14793205 193.0089111 1800 -20.83350372 4.799346924 
8/8/12 12:08 2000 17.17574883 196.3598022 2000 -25.24675941 2.586090088 
8/8/12 12:09 2200 18.40724182 200.3747253 2200 -23.93301773 3.244934082 
8/8/12 12:09 2400 19.79792404 204.9086304 2400 -18.93917084 5.749359131 
8/8/12 12:09 2600 21.10050392 209.155304 2600 -15.68132019 7.383178711 
8/8/12 12:09 2800 22.47351074 213.6315918 2800 -11.71484375 9.372375488 
8/8/12 12:09 3000 23.74980545 217.792572 3000 -10.01542091 10.22463989 
8/8/12 12:10 3200 25.45581818 223.3545227 3200 -7.598853111 11.43655396 
8/8/12 12:10 3400 27.03051186 228.4883423 3400 -6.559556007 11.95776367 
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Date/ Time 
N2O Depth 
(m) 
N2O 
Concentration 
(Mol) 
N2O Signal 
(mV) 
O2 Depth 
(m) 
O2 
Concentration 
(Mol) 
O2 Signal (mV) 
8/8/12 12:10 3600 28.7770462 234.1824036 3600 -4.811694622 12.83432007 
8/8/12 12:10 3800 30.63907433 240.2529907 3800 -4.273820877 13.10406494 
8/8/12 12:10 4000 32.64883804 246.8052368 4000 -4.347695351 13.0670166 
8/8/12 12:11 4200 34.63375092 253.2764587 4200 -4.274185658 13.10388184 
8/8/12 12:11 4400 36.55316162 259.5341187 4400 -3.940350056 13.27130127 
8/8/12 12:11 4600 38.57295227 266.1190491 4600 -4.122724533 13.17984009 
8/8/12 12:11 4800 40.2723732 271.6595154 4800 -3.058843136 13.71337891 
8/8/12 12:11 5000 42.15057755 277.7828369 5000 -4.360778809 13.06045532 
8/8/12 12:06 0 11.29208374 177.1778564 0 60.36340332 45.51977539 
8/8/12 12:07 200 11.36059475 177.4012146 200 4.720640182 17.61480713 
8/8/12 12:07 400 11.53350449 177.9649353 400 -1.607028246 14.44146729 
8/8/12 12:07 600 11.75770092 178.6958618 600 -2.577987909 13.95452881 
8/8/12 12:07 800 12.2174387 180.1947021 800 -2.070905447 14.20883179 
8/8/12 12:07 1000 12.88846588 182.3823853 1000 -1.935448289 14.27676392 
8/8/12 12:08 1200 13.61461639 184.7497864 1200 -3.531118155 13.47653198 
8/8/12 12:08 1400 14.39138126 187.282196 1400 -6.902945518 11.78555298 
8/8/12 12:08 1600 15.10439014 189.6067505 1600 -11.45171833 9.504333496 
8/8/12 12:08 1800 16.14793205 193.0089111 1800 -20.83350372 4.799346924 
8/8/12 12:08 2000 17.17574883 196.3598022 2000 -25.24675941 2.586090088 
8/8/12 12:09 2200 18.40724182 200.3747253 2200 -23.93301773 3.244934082 
8/8/12 12:09 2400 19.79792404 204.9086304 2400 -18.93917084 5.749359131 
8/8/12 12:09 2600 21.10050392 209.155304 2600 -15.68132019 7.383178711 
8/8/12 12:09 2800 22.47351074 213.6315918 2800 -11.71484375 9.372375488 
8/8/12 12:09 3000 23.74980545 217.792572 3000 -10.01542091 10.22463989 
8/8/12 12:10 3200 25.45581818 223.3545227 3200 -7.598853111 11.43655396 
1
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Date/ Time 
N2O Depth 
(m) 
N2O 
Concentration 
(Mol) 
N2O Signal 
(mV) 
O2 Depth 
(m) 
O2 
Concentration 
(Mol) 
O2 Signal (mV) 
8/8/12 12:10 3400 27.03051186 228.4883423 3400 -6.559556007 11.95776367 
8/8/12 12:10 3600 28.7770462 234.1824036 3600 -4.811694622 12.83432007 
8/8/12 12:10 3800 30.63907433 240.2529907 3800 -4.273820877 13.10406494 
8/8/12 12:10 4000 32.64883804 246.8052368 4000 -4.347695351 13.0670166 
8/8/12 12:11 4200 34.63375092 253.2764587 4200 -4.274185658 13.10388184 
8/8/12 12:11 4400 36.55316162 259.5341187 4400 -3.940350056 13.27130127 
8/8/12 12:11 4600 38.57295227 266.1190491 4600 -4.122724533 13.17984009 
8/8/12 12:11 4800 40.2723732 271.6595154 4800 -3.058843136 13.71337891 
8/8/12 12:11 5000 42.15057755 277.7828369 5000 -4.360778809 13.06045532 
8/14/12 18:07 0 5.134167671 244.2279358 0 50.74487305 148.4342499 
8/14/12 18:07 500 3.438579798 231.4373779 200 9.547259331 49.13116455 
8/14/12 18:07 1000 2.239955664 222.3956299 400 -2.931665182 19.05185699 
8/14/12 18:08 1500 1.894852757 219.7923737 600 -3.647836208 17.32559204 
8/14/12 18:08 2000 2.121081591 221.4989166 800 -3.809846163 16.93508148 
8/14/12 18:08 2500 2.750371218 226.2459259 1000 -3.912224293 16.68830872 
8/14/12 18:08 3000 3.797139168 234.1421509 1200 -3.976984024 16.5322113 
8/14/12 18:08 3500 5.148134708 244.333313    
8/14/12 18:08 4000 6.872562408 257.3414307    
8/14/12 18:09 4500 8.892682076 272.5800781    
8/14/12 18:09 5000 11.16617012 289.7299805    
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Table 11. Sediment exposure time and temperature as well as N2O flux and oxygen 
demand (SOD) for each time point on each date sampled for field measurements.   
An exposure time of zero indicates sediments inundated with water.  The N2O flux  
of -112.176 on August 8 2012 was found to be a statistical outlier by Dixon’s Q test  
and was subsequently not used for further analysis.  Missing SOD values are the  
result of issues with O2 probe data. 
Date 
Exposure 
time (min) 
Temperature 
(C) 
N2O flux 
(mol m-2 h-1) 
SOD 
(mol m-2 h-1) 
7/31/12 25 28.8 -1.157 1721.88 
7/31/12 41 28.3 -1.292 563.76 
7/31/12 68 26.7 1.085 -- 
7/31/12 83 25.9 1.478 -- 
7/31/12 104 23.0 0.714 -- 
7/31/12 124 23.5 -0.051 245.77 
7/31/12 145 22.8 -2.259 1254.24 
7/31/12 166 22.6 -0.394 -- 
7/31/12 188 21.9 -25.700 -- 
7/31/12 211 21.5 -1.913 234.11 
7/31/12 0 21.6 -0.261 -- 
8/8/12 0 26.1 -2.533 -- 
8/8/12 19 27.8 -3.419 158.72 
8/8/12 38 29.8 -2.013 -- 
8/8/12 77 30.0 -2.586 -- 
8/8/12 100 31.8 26.762 -- 
8/8/12 160 32.7 -112.176* 2411.28 
8/8/12 183 33.8 -17.060 1457.64 
8/8/12 204 31.9 -20.261 1672.56 
8/8/12 226 31.7 -3.500 1394.64 
8/8/12 248 31.8 -20.855 -- 
8/8/12 270 27.9 -20.243 -- 
8/14/12 0 26.5 -0.878 1767.24 
8/14/12 17 27.6 -3.291 -- 
8/14/12 43 27.9 -4.511 -- 
8/14/12 61 27.9 -3.567 -- 
8/14/12 80 29.3 -16.754 -- 
8/14/12 100 28.9 -9.979 -- 
8/14/12 124 27.3 -16.358 -- 
8/14/12 143 27.0 -15.952 2797.92 
8/14/12 163 26.1 -7.034 -- 
8/14/12 183 26.7 -21.737 -- 
8/14/12 198 27.1 -16.931 1349.28 
8/14/12 0 27.0 -16.232 1745.28 
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Table 12. Sediment N2O flux and oxygen demand (SOD) by treatment type and  
level initially, while inundated with treatment and exposed to the atmosphere.  
SOD was measured in each initial core and only once per treatment core, 
while triplicate N2O measurements were taken in each core. 
Date Type Treatment 
N2O flux 
(mol m-2 h-1) 
SOD 
(mol m-2 h-1) 
9/22/12 Initial nitrate -0.631 1084.32 
9/22/12 Initial NH4
+ 
-1.299 1793.88 
9/22/12 Initial DIN -0.420 702.36 
9/22/12 Initial DIN+P -0.647 1051.92 
9/22/12 Initial Ambient -0.249 724.68 
9/24/12 Inundated nitrate 4X 0.011 650.52 
9/24/12 Inundated nitrate 4X -0.118 -- 
9/24/12 Inundated nitrate 4X -1.685 -- 
9/24/12 Inundated nitrate 8X -0.570 237.35 
9/24/12 Inundated nitrate 8X -1.631 -- 
9/24/12 Inundated nitrate 8X -1.103 -- 
9/24/12 Inundated nitrate 16X -0.527 706.32 
9/24/12 Inundated nitrate 16X -0.871 -- 
9/24/12 Inundated nitrate 16X -0.904 -- 
9/24/12 Inundated nitrate 32X -0.338 269.64 
9/24/12 Inundated nitrate 32X 5.825 -- 
9/24/12 Inundated nitrate 32X 12.017 -- 
9/24/12 Inundated NH4
+
4X -0.161 536.04 
9/24/12 Inundated NH4
+
4X 0.616 -- 
9/24/12 Inundated NH4
+
4X 0.846 -- 
9/24/12 Inundated NH4
+
8X -0.813 395.64 
9/24/12 Inundated NH4
+
8X 0.095 -- 
9/24/12 Inundated NH4
+
8X -0.360 -- 
9/24/12 Inundated NH4
+
16X -0.178 634.68 
9/24/12 Inundated NH4
+
16X 0.332 -- 
9/24/12 Inundated NH4
+
16X -0.358 -- 
9/24/12 Inundated NH4
+
32X -2.739 -- 
9/24/12 Inundated NH4
+
32X 1.643 -- 
9/24/12 Inundated NH4
+
32X 1.963 -- 
9/24/12 Inundated DIN 4X -1.689 78.55 
9/24/12 Inundated DIN 4X 0.258 -- 
9/24/12 Inundated DIN 4X 1.958 -- 
9/24/12 Inundated DIN 8X -0.115 112.75 
9/24/12 Inundated DIN 8X 2.001 -- 
9/24/12 Inundated DIN 8X -2.202 -- 
9/24/12 Inundated DIN 16X -0.891 234.86 
9/24/12 Inundated DIN 16X 0.526 -- 
9/24/12 Inundated DIN 16X 0.883 -- 
9/24/12 Inundated DIN 32X -0.561 259.52 
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Date Type Treatment 
N2O flux 
(mol m-2 h-1) 
SOD 
(mol m-2 h-1) 
9/24/12 Inundated DIN 32X 1.687 -- 
9/24/12 Inundated DIN 32X 0.658 -- 
9/24/12 Inundated DIN+P 4X -1.827 300.67 
9/24/12 Inundated DIN+P 4X 3.113 -- 
9/24/12 Inundated DIN+P 4X 4.882 -- 
9/24/12 Inundated DIN+P 8X -1.123 433.80 
9/24/12 Inundated DIN+P 8X 4.334 -- 
9/24/12 Inundated DIN+P 8X 2.981 -- 
9/24/12 Inundated DIN+P 16X -0.301 287.21 
9/24/12 Inundated DIN+P 16X 1.509 -- 
9/24/12 Inundated DIN+P 16X 1.975 -- 
9/24/12 Inundated DIN+P 32X 0.382 -- 
9/24/12 Inundated DIN+P 32X -3.307 -- 
9/24/12 Inundated DIN+P 32X -0.236 -- 
9/24/12 Inundated Ambient -2.354 172.19 
9/24/12 Inundated Ambient -0.459 -- 
9/24/12 Inundated Ambient 1.951 -- 
9/24/12 Inundated Ambient -2.335 423.36 
9/24/12 Inundated Ambient 2.966 -- 
9/24/12 Inundated Ambient 7.578 -- 
9/25/12 Exposed nitrate 4X 0.042 727.20 
9/25/12 Exposed nitrate 4X 0.540 -- 
9/25/12 Exposed nitrate 4X 0.412 -- 
9/25/12 Exposed nitrate 8X -0.013 752.40 
9/25/12 Exposed nitrate 8X 0.008 -- 
9/25/12 Exposed nitrate 8X -0.390 -- 
9/25/12 Exposed nitrate 16X 0.477 1387.80 
9/25/12 Exposed nitrate 16X 0.485 -- 
9/25/12 Exposed nitrate 16X -0.170 -- 
9/25/12 Exposed nitrate 32X -1.886 905.40 
9/25/12 Exposed nitrate 32X 0.102 -- 
9/25/12 Exposed nitrate 32X 2.998 -- 
9/25/12 Exposed NH4
+
4X -0.290 77.36 
9/25/12 Exposed NH4
+
4X 0.980 -- 
9/25/12 Exposed NH4
+
4X -0.787 -- 
9/25/12 Exposed NH4
+
8X -1.304 412.20 
9/25/12 Exposed NH4
+
8X -0.384 -- 
9/25/12 Exposed NH4
+
8X -0.231 -- 
9/25/12 Exposed NH4
+
16X -0.464 447.84 
9/25/12 Exposed NH4
+
16X -2.228 -- 
9/25/12 Exposed NH4
+
16X -0.079 -- 
9/25/12 Exposed NH4
+
32X -0.237 1091.16 
9/25/12 Exposed NH4
+
32X -0.267 -- 
9/25/12 Exposed NH4
+
32X -0.648 -- 
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Date Type Treatment 
N2O flux 
(mol m-2 h-1) 
SOD 
(mol m-2 h-1) 
9/25/12 Exposed DIN 4X -0.916 236.27 
9/25/12 Exposed DIN 4X -1.540 -- 
9/25/12 Exposed DIN 4X -1.790 -- 
9/25/12 Exposed DIN 8X -0.631 699.12 
9/25/12 Exposed DIN 8X -0.547 -- 
9/25/12 Exposed DIN 8X 0.184 -- 
9/25/12 Exposed DIN 16X -1.083 1169.64 
9/25/12 Exposed DIN 16X -1.363 -- 
9/25/12 Exposed DIN 16X -0.968 -- 
9/25/12 Exposed DIN 32X -0.482 1049.76 
9/25/12 Exposed DIN 32X -1.870 -- 
9/25/12 Exposed DIN 32X -1.664 -- 
9/25/12 Exposed DIN+P 4X -0.432 427.32 
9/25/12 Exposed DIN+P 4X -0.679 -- 
9/25/12 Exposed DIN+P 4X -0.746 -- 
9/25/12 Exposed DIN+P 8X -1.795 1444.32 
9/25/12 Exposed DIN+P 8X -0.607 -- 
9/25/12 Exposed DIN+P 8X -2.909 -- 
9/25/12 Exposed DIN+P 16X -2.791 660.96 
9/25/12 Exposed DIN+P 16X -1.395 -- 
9/25/12 Exposed DIN+P 16X -1.200 -- 
9/25/12 Exposed DIN+P 32X -1.853 1049.76 
9/25/12 Exposed DIN+P 32X -4.270 -- 
9/25/12 Exposed DIN+P 32X -1.983 -- 
9/25/12 Exposed Ambient 0.152 377.64 
9/25/12 Exposed Ambient -3.248 -- 
9/25/12 Exposed Ambient -0.539 -- 
9/25/12 Exposed Ambient -0.536 613.08 
9/25/12 Exposed Ambient -3.021 -- 
9/25/12 Exposed Ambient -2.290 -- 
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